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2 Summary 

Species diversity has been of particular interest e.g. for nature conservation as well as 

human well-being, since the Convention on Biological Diversity (CBD) in Rio de Janeiro 

(1992). This study demonstrates the complex relationships between environmental 

conditions and species diversity. Against a theoretical background, it is the first study that 

represents various, partly interrelated phytodiversity relationships, in particular, in the 

context of coastal dune systems. Species diversity relationships are scale-dependent  

e.g. from global across regional to local scales, and in a hierarchical approach, various 

patterns and processes are highlighted. In many cases, patterns and processes of each 

higher level affect species diversity at the lower scale, and partly vice versa. Factors shown 

in this study consider the temporal and the spatial scale that can be classified into three 

groups: methodical factors, abiotic and biotic factors (Table 1).  

Table 1. Patterns and processes affecting species diversity at spatial and temporal scales. 

spatial scale 

methodical factors abiotic factors biotic factors 

sampling latitude and altitude disturbance 

area per se historical factors competition 

diversity indices island size productivity 

functional groups landscape heterogeneity biological invasions 

 habitat heterogeneity  

 resource availability  

 macroclimate  

temporal scale 

 historical development, succession, biological invasions 

 
General hypotheses discussed in relation to methodical factors are: 

Species richness reflects sampling effects (Chapter 6.4) e.g. random or non-randomly 

selected plots. 

Area per se effect (Chapter 7.1.1), the larger the area, the more space occur for more 

species.  

Comparing species richness and species diversity indices (Chapter 6.1), there might be 

differences (e.g. Chapter 8.3.1). 

Species richness relationships are different using single species and functional groups, 

respectively. 

 

Considering abiotic factors, the study discussed: 

Species richness in large gradients complexes (Chapter 8), for example, increases with 

decrease in latitude and altitude. 

Historical factors, e.g. the time of isolation in relation to the origin of islands (Chapter 9.1), 

are of interest. It is shown, that unsaturated island flora contains more neophytes than 

islands formerly belonging to mainland, because of the prevented species establishment on 

islands.  
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Independent of the origin, species richness increased with island size (Chapter 7.1.2). 

Landscape heterogeneity, the number of habitats maintains species richness, for example, 

of bryophytes in urban areas (Chapter 7.2.1). 

Macroclimate, transition areas at landscape scale enhance the vegetation heterogeneity as 

well as dune species richness (Chapter 8.2) 

Habitat heterogeneity, the variability of available resources (Chapter 8.3), for example, the 

variation of soil pH, enhances species richness, furnishing more ecological niches, 

facilitating the coexistence of species. This is related to diversity patterns of the vegetation. 

Resource availability (Chapter 8.3.3), for example, light conditions and soil pH, are in a 

humped-back manner related to species richness. 

 

In relation to biotic patterns and processes, the study demonstrates: 

Disturbances (Chapter 8.3.2) such as trampling and rabbit grazing prevent competitive 

exclusion, for example, by shrub expansion. Moreover, species diversity reached highest 

values at intermediate disturbances. 

 Ecological interactions such as competition (Chapter 8.3.3.1) in relation to resources, like 

space, light and nutrients, affect species diversity. Species diversity declined in accordance 

to the competitor linear or regarding various functional groups in a humped-back relation. 

Effects of various factors such as resource availability and competition are combined  

e.g. in the productivity approach (Chapter 8.3.3.2). It was shown, that species richness in 

dunes was highest at intermediate levels of biomass. Moreover, biomass and disturbances 

are connected, so with increasing biomass floristic similarity between grazed and ungrazed 

sites decreases. 

Similar to productivity, different factors especially competition due to dispersal and growth 

are merged in pattern and processes of biological invasions (Chapter 9.3). The study 

shows, amongst others, that invasions by shrubs like Rosa rugosa, causes native species 

richness to decline and the percentage of neophytes to increase.  

 

Abiotic and biotic factors are related to temporal aspects: 

Species richness is higher in areas less isolated by distance as well as by time from source 

areas (Chapter 9.1). 

During succession, species richness and species diversity changes (Chapter 9.2). 

The probability of invasions and the strength of ecosystem effects increase with time since 

the first introduction (Chapter 9.3). 

 

In summary, the presented study gives an overview of the manifold patterns and processes 

affecting species diversity at various spatial and temporal scales. The interrelations 

between factors and across hierarchical structured scales demonstrate the importance of 

their consideration for both scientific and management approaches. 
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3 Introduction 

The term biodiversity has been used since the 1960s, and was assessed as an environmental 

issue since the early 1980s, culminating in the Convention on Biological Diversity (CBD) 

in Rio de Janeiro (1992). Direct and indirect human activities, such as global warming, 

agriculture, and landscape alteration represent an existential problem between nature and 

society in relation to ecosystem services, such as human well-being and human health 

(Solbrig 2000). Biodiversity might reflect the condition of nature and ecosystem 

functioning, and probably reflects the condition of complex ecological webs. Considerable 

attention has been given to biological diversity over the last fifteen years, since the term 

was adopted into human society, the political world and popularised by the media. The 

effect of human activities upon natural environments such as overexploitation and 

destruction of habitats threatens future biological diversity. The Convention on Biological 

Diversity mandates the preservation, exploration, and sustainable use of biodiversity, and 

requires its protection at all levels from the genome to the ecosystem (Gaston & Spicer 

2004, Lévêque & Mounolou 2004).  

The global decline in biodiversity and the loss of species and habitats is enormous 

(Myers 1990). Global models estimate that changes in land use and climate, as well as 

anthropogenic disturbances with subsequent habitat decline, will result in a loss of vascular 

plant species of around 25 % in the next few hundreds of years in comparison to 1995 

(Cowling & Samways 1995, Magurran 2006, Van Vuuren et al. 2006). 

 Biodiversity loss no longer represents just the extinction of single species, but 

rather the modification of entire ecosystems (Lévêque & Mounolou 2004). Threats to 

biodiversity are linked e.g. with global change, introduced species, pollution, unsustainable 

use of native species (Caldecott et al. 1996), and include the loss of genetic variability 

within a population, which can reduce its flexibility to adjust to a changing environment. 

The addition or deletion of a species can have a considerable effect on an ecosystem’s 

ability to provide services, and in turn, a reduction in the capacity of an ecosystem to resist 

changing environmental conditions, could negatively affect the number of species 

(Mooney et al. 1996). 

Biodiversity along with phytodiversity are products of dynamic interactions among 

different levels of integration within the living world. They are controlled by various 

factors, such as the abiotic environment, structural complexity of the landscape and habitat, 

the history of the area, ecological interactions amongst species, such as competition, and 

past biogeographic events. This integrated approach towards biodiversity has led to new 

concepts such as functional ecology, biocomplexity, and ecosystem services (Gaston & 

Spicer 2004, Lévêque & Mounolou 2004).  

The Convention on Biological Diversity addresses the role of biological diversity in 

the biosphere and human responsibility for decreasing biological diversity. The, still 

common, lack of knowledge needed to undertake suitable measures for its sustainable 

conservation, results in greater emphasis being placed on the protection of species, 

ecosystems and natural habitats, rather than resorting to ex situ measures (Lévêque & 

Mounolou 2004). 



6 Introduction 

    

Biodiversity of coastal systems represents an important value for humans in ecosystem 

services (species richness, functional groups), in the provision of services  

e.g. genetic resources, in regulating services e.g. climate and erosion regulation, in cultural 

services, e.g. knowledge systems, educational values, aesthetic values, and especially in 

recreation and health, furthermore it includes supporting services, such as primary 

production and nutrient cycling. 

The presented study contributes to the understanding of conditions and causes 

affecting phytodiversity, to the mechanisms explaining species richness and species 

diversity, and to the relationship with the abiotic and biotic environment. Complex 

interactions between parameters change the visible expression of biodiversity. One of the 

most important factors of biodiversity considers the scale-dependent variation of patterns 

and processes determining biodiversity. Because of the different relationships between 

species diversity and scale, scientific approaches as well as management measures 

supporting biodiversity should consider this phenomenon.  

3.1 Terms and Definitions 

The term biodiversity, the variety of life in all its expressions, is subject to various 

definitions (Allem 2000). The linguistic use of the term diversity began in the 18
th

 century, 

but the use of biodiversity started much later, around 1980 (Barthlott et al. 1996). 

Biodiversity is roughly differentiated into three components: genetic diversity (within-

species diversity), species diversity (number of species), and ecological diversity 

(diversity of communities). Thus, biodiversity is much more than species diversity, in its 

broadest sense it encompasses nested hierarchies, and includes molecular, gene, 

phylogenetic, organismal, population, community, habitat, ecosystem, landscape, 

bioregion, biome diversity, as well as the diversity of the entire world. As such, research 

on biodiversity in its supreme form requires a multifaceted approach from a variety of 

fields and is related to the three primary ecosystem attributes, composition, structure, and 

function (Wilson & Peter 1988, Solbrig 1994, Whittaker 1998, Ward et al. 1999, Mumby 

2001, Gaston & Spicer 2004). 

The framework for biodiversity includes different terms, i.e. geodiversity that 

could be defined as the variety of abiotic factors: the structure, function, and dynamic of 

the abiotic part of the ecosystems, such as geosphere, climosphere, and hydrosphere (Leser 

& Nagel 1998). Sometimes the term landscape diversity is distinguished, describing 

different interacting ecosystems, each characterised by a specific geodiversity and 

biodiversity. It is similar to the term ecological diversity, at first defined as the richness 

and variety of natural ecological communities (Pielou 1975), including both biodiversity 

and geodiversity (Barthlott et al. 1996). The term ecological diversity is mainly associated 

with the diversity of communities or ecosystems and considers pattern such as the number 

of trophic levels, the range of life cycles, the relative abundance of species and the 

diversity of ecological resources (Tregenza & Butlin 1999, Izsák & Papp 2000).  

All aspects of diversity in relation to plants, instead to animals, are represented by 

phytodiversity. This includes all levels of diversity from genes to community. The search 

for causing effects, often considers abiotic factors, so that phytodiversity is directly 

connected with ecological diversity. 
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4 Quantity of Plant Species Richness 

4.1 How Many Species? 

This question is also addressed by biodiversity research (May 1988, 1990), but the exact 

answer is unknown (Barthlott et al. 1996). The number of species worldwide is certainly 

greater than a million and less than a billion (Wilson 1997), and is estimated at somewhere 

between 7, 20, 100 and up to 360 million (Barthlott et al. 1996). Roughly, 270000 vascular 

plant species are described worldwide, and about 320000 are estimated (Barthlott et al. 

1996, Barthlott & Winiger 1998, Gaston & Spicer 2004). The number of plant species 

varies with the taxonomic group considered, for example, vascular plants species are 

composed of about 12000 pteridophytes, 766 gymnosperms, and 250000 angiosperms, in 

total 263000 species (Whittaker 1998). Worldwide there are about 15000 bryophytes 

(Mutke & Barthlott 2005, Frahm 2008) and about 25000-30000 lichens (Sipman & Aptroot 

2001).  

Figure 1. Vascular plants, bryophytes and fungi of coastal dunes. 

In Europe, there are approximately 12000 vascular plant species (Tutin et al. 1980), 3500 

of which are restricted to Europe (Lévêque & Mounolou 2004). The number of bryophytes 

is about 1600 in Europe and about 1000 in Germany (Frahm 2001). Lower Saxony and 

Bremen contain about 2500 vascular plant species (Garve 2007).  

Dry coastal habitats contain about 5800 vascular plants worldwide; in European dry 

coastal habitats there are approximately 2400 vascular plants and 350 bryophytes and 

lichens, examples are shown in Figure 1. Typical coastal plant species represent about 7 % 

of the total European flora (Van der Maarel & Van der Maarel-Versluys 1997). 

 

(In this manuscript, nomenclature in general according to Wisskirchen & Haeupler (1998) 

for vascular plants and Koperski et al. (2000) for bryophytes) 
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4.2 Geographic Distribution, Hotspots and Endemism 

Biodiversity Hotspots 

In relation to manifold factors, the distribution of species, hence also the geographic 

distribution of biodiversity varies across the earth. More species occur in some regions 

than in others, and the distribution is neither random nor uniform over the world 

(Woodward 1987, Brown 1988, Lévêque & Mounolou 2004). Biogeographic regions with 

high numbers of endemic species and a dramatic loss of habitats are described as 

biodiversity hotspots (Myers et al. 2000). Hotspot regions are defined as containing at least 

0.5 % or 1500 of the world’s 263000 vascular plant species as endemic and having lost at 

least 70 % of its primary vegetation (Myers et al. 2000). Remarkably about 20 % of the 

world’s human population are living within the recent hotspots. Because of a significantly 

higher population growth rate in most of these areas, it is suggested that substantial human-

induced environmental changes are likely to continue (Cincotta et al. 2000). The hotspot 

approach considers the original number of species, the recent number of species, and the 

number of species probably surviving during the considered century. The greater the 

‘area/species index’ (= percent endemics of Earth’s species/percent of Earth’s land surface) 

the higher the phytodiversity of a region (Myers 1990). Hotspots recognised by 

Conservation International, Washington DC, contain 44 % of all vascular plant species and 

cover only 1.4 % of the land surface worldwide (Myers 1990). Hotspots are mainly in 

tropical zones, but are also in the Mediterranean region, for example, species richness in 

Mediterranean areas is similar to those of the Cape fynbos (Ojeda et al. 2000). Moreover, 

hotspots are present on islands or parts of them (Myers et al. 2000). 

Initially, the biodiversity hotspot theory determines key localities of biodiversity 

under acute threat at a continental or global scale. This could be one instrument used to 

verify conservation priorities, but it is important not to rule out other criteria (Myers 1990, 

2003, Reid 1998, Jennings et al. 2008). The hotspot approach encompasses many critical 

points, e.g. less representation of other forms of species richness (e.g. the total number of 

species, the number of threatened or rare species). The classic approach is less valuable for 

other taxa than vascular plants (e.g. vertebrates, fungi). Moreover, there is a lack of overlap 

considering different taxa, endemic and rare species, and with phylogenetic diversity 

(Forest et al. 2007). For example, in South Africa, richness hotspots show the highest 

overlap with rarity hotspots for vascular plants; but overlap of different taxa is especially 

low when groups have very different ecological requirements (Prendergast et al. 1993, 

Dobson et al. 1997). Otherwise, positive correlations are shown between diversity of trees 

and species richness of specialist-birds (Caprio et al. 2009). For conservation, sites selected 

should be species-rich for one taxon as well as for others, and should include rare species 

(Prendergast et al. 1993). Moreover, the classical hotspot approach does not include the 

protection of smaller species-rich regions, although the approach could be used for nature 

conservation on regional scales (Venevsky & Venevskaia 2005). Biodiversity hotspots 

vary with scale depending on the methods used, especially maps, (Carolan 2009). Further 

critical points of the hotspot approach are missing consideration of changing land use 

patterns, no protection of ecosystem services, lack of reliable biodiversity indices and 

comparable measurements (Reid 1998, Possingham & Wilson 2005, Krishnankutty & 

Chandrasekaran 2007). These problematical aspects will be more visible, for example by 
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the circumstance, that South Africa’s fynbos is species-rich and contain many endemic 

species, but is relatively poor in rare species (Latimer et al. 2005). Moreover, habitat loss 

also on small scales is dramatic, for example, species-rich calcareous grasslands have 

declined locally in Germany by up to 60 % in the last 100 years (Krauss et al. 2004).  

In general, biodiversity hotspots are considered as areas of high conservation 

priority (Kati et al. 2004), but can also be used to designate for example ‘Sites of Special 

Scientific Interest’, for example in Wales (Blackstock et al. 1996). Furthermore, the term 

biodiversity hotspot has recently been used in a broader sense and in relation to a 

geographical area dealing independently with high species richness, levels of endemism, 

number of rare or threatened species, or intensity of threat, and can be used for 

conservation aspects at smaller scales too (Dobson et al. 1997, Myers et al. 2000). For 

example at a national level, large-scale national biodiversity hotspots were identified from 

abiotic factors, and regions were determined by species-energy relationships for vascular 

plants using climate (e.g. mean temperature and precipitation) and topographical and land 

use data (Francis & Currie 2003). At regional scales, at Great Britain for example, a grid of 

10 km × 10 km was used to detect possible sites for conservation, and hotspots were 

defined as the top 5 % of record-containing 10-km squares; in contrast so-called coldspots 

are the most species-poor 5 % recorded squares (Prendergast et al. 1993).  

Endemism 

Endemism, the number of species that occur only in a restricted distribution area (Gaston 

& Spicer 2004), is as much of an attribute to biodiversity as species richness is. Both, 

endemism and species richness represent the complexity and uniqueness of natural 

ecosystems and allow biodiversity hotspots to be identified (Myers 1990, Caldecott et al. 

1996). Endemism is maintained through the development of endemics by speciation, the 

inability of an endemic species to enlarge its geographic distribution, and the survival of 

the endemic species over time due to a low extinction rate (Huston 1994). Nevertheless, 

positive endemics-diversity relationships are not necessarily generated by an increasing 

speciation rate (Chen & He 2009). The area of endemism can either be relatively large, or 

else restricted to a well-identified ecosystem (Lévêque & Mounolou 2004). Thus, in 

relation to the relative extension of the distribution area, local, regional, transregional or 

continental endemics, and widespread species are distinguished. For local endemism in 

plants, a distribution area of less than 50000 km
2
 has been defined (Gaston & Spicer 2004). 

Considering evolutionary aspects, there is a differentiation between neo-endemics, species 

that have evolved more recently, and palaeo-endemics, species representing evolutionary 

relicts (Gaston & Spicer 2004). Endemics of European coastal areas are mostly neo-

endemics of postglacial or more recent origin. Although the littoral character often 

supports a wider distribution and large population sizes, due to e.g. restricted habitat 

specifics, many coastal sites promote the differentiation and adaptive radiation of new taxa 

(May 1988). For example, cliffs that have a function both as refuge for ancient isolated 

palaeo-endemics and act as an isolated ecological niche, stimulate the adaptive radiation of 

neo-endemics (Lovri� 1997). In general, many oceanic island endemics formerly showed a 

larger, continental distribution (Whittaker 1998). This is probably not the case for vascular 

endemic plants of the Dutch, German and Danish Wadden Sea Islands, because of the 

islands origin, their comparable young age, and their close proximity to the mainland. 
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Levels of endemism often show similar patterns of variation like total species richness 

(Cowling & Samways 1995). The number and proportion of endemics increase with area, 

although species-area relationships (Chapter 7) are weaker than such considering total 

species richness (Major 1988, Anderson 1994, Cowling & Samways 1995, McKinney 

2002, Gaston & Spicer 2004). There are many exceptions, e.g. oceanic islands such as 

Hawaii tend to have high levels of endemism but relatively low total species richness 

(Gaston & Spicer 2004). The number of endemic species varies in different floristic 

regions (Whittaker 1975, Richter 1998), and the level of endemism increases towards 

lower latitudes (Chapter 8) (Fischer 1960, Pianka 1966, Major 1988, Cowling et al. 1992, 

Cowling & Samways 1995). Thus, in the Mediterranean, also due to recent speciation and 

isolation, 10 % of the genera and 40 % of the species are found nowhere else in the world 

(Tallis 1991). On the other hand, only 0.001 % of the vascular plants are cosmopolites, 

each occupying about a quarter of the earth’s surface (Anderson 1994). In particular, 

regions in the northern hemisphere with glaciations during the Pleistocene contain lower 

numbers of total species, as well as of endemic ones. Thus, the number of endemic species 

in Europe represents only about 2-6 % of global species richness (Cowling & Samways 

1995).  

There are different reasons for the cause of endemism, for example, independent 

evolution of local adaptations due to different environmental conditions speciation. 

Environmental conditions and resulting barriers determine, for example, the high value  

(63 %) of endemic cactus species (Hernández et al. 2001). Geographic or other 

possibilities of isolation facilitate independent evolution; endemism on isolated oceanic 

islands often reaches high levels, due to patterns of dispersal, genetic isolation, and 

speciation. Endemism is correlated with species traits, e.g. short-distance dispersal, there 

are few endemics that are wind dispersed (McDonald et al. 1995, Caldecott et al. 1996). 

Thus, endemism is often low in landscapes with homogeneous topographic relief, because 

of the absence of topographic or environmental barriers (Anderson 1994, Huston 1994). 

Furthermore, the longer an area has been isolated, the greater the number of endemic 

species that occurs there (Caldecott et al. 1996). 

The proportion of endemic species on islands increases with increasing geographic 

distance to the mainland. About 20 % of plant species found on the Canaries are endemic 

(100 km distance), and about 90 % on Samoa and Hawaii (1200 km distance) (Adersen 

1995, Whittaker 1998, Carine et al. 2009). Historical changes in environmental conditions 

can limit formerly more widespread species to restricted areas (Kruckeberg & Rabinowitz 

1985, Major 1988). On the mainland high endemic richness is often related to long-term 

climatic stability; facilitating the survival of periods of major global climatic change, like 

glaciations in the Alps. Such areas often also represent evolutionary hotspots, where 

various evolutionary events have taken place (Gaston & Spicer 2004). Moreover, many 

areas of high endemism are characterised by low productivity, because of low levels of soil 

nutrients or water (Huston 1994). The ratio of endemic/total species number on islands is 

between 0.43-0.52, but can reach values up to 0.81 in biological hotspots (Prendergast et 

al. 1993, Venevsky & Venevskaia 2005). 
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Endemic Species in Coastal Areas 

In coastal areas, especially in areas directly connected to the sea like driftlines and 

saltmarshes, the endemic richness is lower than in inland areas. This is because of the high 

number of littoral species with a wide distribution like Cakile maritima and Salsola kali. 

Along with their coastal distribution, littoral plant species often show a continental, Asian 

distribution. Otherwise, approximately 20 % of all European endemics occur in coastal 

areas (Van der Maarel & Van der Maarel-Versluys 1997). Similar to inland areas, the 

number of endemic species of dry coastal ecosystems reaches higher values at lower 

latitudes e.g. at the Adriatic coast, and thus Mediterranean European coastal areas 

represent higher levels of endemism. Local endemics often occur on islands, such as the 

Canary Islands, New Zealand, Cuba, the British Isles, Corsica, Sardinia, Sicily, and Malta 

(Van der Maarel & Van der Maarel-Versluys 1997). 

One example of endemic species in coastal areas of the world is the shrub 

Chamaecrista chamaecristoides var. chamaecristoides, which is commonly found on the 

sand dunes along the Gulf of Mexico (Martínez 2003). Along coastal areas of the Wadden 

Sea, endemism occurs mainly below the species level (Westhoff 1947), for example, in 

saltmarshes, Juncus articulatus ssp. litoralis and Odontites vernus ssp. pumilus (Dijkema 

et al. 1993). Sometimes there are different subspecies in coastal as well as inland areas,  

e.g. Anthyllis vulneraria or Festuca rubra, with different subspecies on dunes, saltmarshes, 

and cliffs. Furthermore, coastal ecotypes, often with less clear morphological 

characteristics but with considerable amounts of genetic variation, occur, e.g. 

Tripleurospermum maritimum, Rumex crispus, and Sonchus arvensis (Dijkema et al. 1993, 

Akeroyd 1997). 

Endemic status of species is dynamic, and there are shifts from common to rare and 

the reverse. For example, Lactuca tatarica was considered as locally endemic on the 

islands of Hiddensee between the years 1902 and 1910. Lactuca tatarica has spread widely 

during the last century and is now distributed along the entire coast of Mecklenburg-

Vorpommern (Krisch 1989), and currently represents a naturalised neophyte, that plays an 

important role in some plant communities e.g. with Honckenya peploides (Isermann 2004). 

Many taxa throughout the world began as local introductions, which then spread in varying 

degrees. A further example is Spartina x townsendii, which occurs in saltmarshes. 

Originally found at few localities, this species has become more widespread over time 

(Kruckeberg & Rabinowitz 1985). 

Comparing species distributed in Lower Saxony (Garve 2007), many coastal 

endemics occur, especially in saltmarshes: Armeria maritima ssp. maritima, Artemisia 

maritima, Blysmus rufus, Centaurium littorale ssp. littorale, Cochleraria anglica, 

Cochlearia officinalis, Elymus athericus, Festuca rubra ssp. litoralis, Limonium vulgare, 

Odontites litoralis, Oenanthe lachenalii, Parapholis strigosa, Puccinellia maritima, 

Ranunculus peltatus ssp. baudotii, Ruppia maritima, Sagina maritima, Spartina anglica, 

Taraxacum obliquum and other Taraxacum species, and in the marine environment Zostera 

marina and Zostera noltii. Some endemics occur in dune valleys: Carex extensa, Carex 

punctata, Carex trinervis, Epipactis heleborine ssp. neerlandica, Gentianella campestris 

ssp. baltica, Gentianella uliginosa, Juncus anceps, Juncus maritimus, Schoenus nigricans. 

Others on driftlines: Atriplex glabriuscula, Atriplex lacinata, Atriplex longipes ssp. 
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longipes, Atriplex portulacoides, Beta vulgaris ssp. maritima, Cakile maritima ssp. 

maritima, Glaucium flavum, Honckenya peploides, Salsola kali ssp. kali.  

Furthermore, some endemics occur in dunes: Anthyllis vulneraria ssp. maritima, 

XCalammophila baltica, Calystegia soldanella, Cerastium diffusum, Elymus x 

obtusiusculus, Elymus farctus ssp. boreoatlanticus, Erodium ballii, Eryngium maritimum, 

Festuca rubra ssp. arenaria, Koeleria arenaria, Lathyrus maritimus, Phleum arenarium, 

Rosa spinosissima, Senecio jacobaea ssp. dunensis, Thalictrum minus ssp. saxatile, 

Tuberaria guttata. 

 

Due to the restriction to coastal areas, these species are often of special conservation value, 

and therefore protected, for example, as red-book-species. 
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5 Scales: Taxonomic, Spatial and Temporal Scale 

Biodiversity encompasses a hierarchy of scales and varies like other biogeographic 

patterns with scale (Myers & Giller 1988, Keeley & Swift 1995, Willis & Whittaker 2002). 

The description of species-distribution patterns and their underlying mechanisms are of 

importance in ecological research (Ricklefs & Schluter 1993, Gaston 2000, Whittaker et al. 

2001). More recently, spatial and temporal scales have been recognised as further factors 

determining the mechanisms explaining species diversity and distribution (Wiens 1989, 

Gross et al. 2000, Whittaker et al. 2001). Scale can affect results and even more the 

comparison of outcomes between similar studies (Scheiner et al. 2000). Relationships 

between species and environment vary at different spatio-temporal scales (Levin 1992, 

Holt 1993, Scheiner et al. 2000). Parameters and processes important at one scale are often 

less important at another (Turner 1990, Whittaker 1998, Ricklefs 2005).  

 

There are three types of scale in accordance to biodiversity: 

  taxonomic scale, from populations to higher taxa like families,  

  spatial scale, from local to global patterns, and 

  temporal scale, from short-term ecological periods (over tens of years) to long-

term evolutionary periods. 

 

Objects of biodiversity investigations, often according to the three main types of scale, are, 

for example, genes, populations, species, assemblages (phylogenetically related members 

of a community), communities (set of species occurring at a specified area usually with 

geographic boundary and at a specified time), and whole systems at the ecosystem or 

landscape level (Soulé 1991, Magurran 2006). 

Taxonomic Scale 

In relation to phytodiversity, it is, for example, possible to distinguish between: 

  systematic entities, such as subspecies, species, genera, families etc., 

  functional groups, e.g. nitrogen and non-nitrogen fixing species, 

  life-forms, for example, according to Raunkiaer (1934), it is possible to 

differentiate between groups such as phanerophytes, nanophanerophytes, 

therophytes and others, and 

  life-form groups, which mix different aspects of the three first mentioned types, 

e.g. herbs and grasses, shrubs and trees. 

Relations between biodiversity and environmental factors are often more visible regarding, 

for example, functional groups or life-forms, because these entities often reflect general 

conditions of an ecosystem. 

Spatial Scale 

Patterns and processes determining species diversity change across spatial scales (Table 2) 

(Crist et al. 2003, Pearson & Dawson 2003).  
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Although limiting criteria keep moving, three main magnitudes (global, regional, and local 

scale) are distinguished (Figure 2): 

  global scale, concerning worldwide patterns of species diversity, 

  regional scale, considering aspects across different biotopes. Regional scales range 

in size from tens or hundreds of metres to an entire continent (Leser & Nagel 

1998), and include the landscape scale, and 

  local scale, reaching sizes up to few hundreds of metres, and including plot scale. 

Figure 2. The spatial scale describes a hierarchy of different levels from the global scale, to regional 

scales such as the Wadden Sea area, to local scales like the island of Spiekeroog, to the landscape scale 

considering for example different dune habitats and to the plot scale (* Earth.Google). 

In more detail, it is possible to differentiate between global, continental, interregional, 

regional, landscape, local, site information, and plot or micro scale (Whittaker 1977, 

Caldecott et al. 1996, Veech et al. 2002, Pearson & Dawson 2003, Legendre et al. 2005). 

This study defined large scale as global to landscape scale, and small scale as local to 

micro scale (Table 2). More precise, the spatial scale concept refers to the size of the 

sampling unit, and the geographical extent represents the geographical distance used for 

comparisons (Whittaker et al. 2001). The combination of various factors over different 

spatial and temporal scales supports understanding of biodiversity in a hierarchical model 

(Table 2) (Whittaker et al. 2001, Willis & Whittaker 2002).  

In relation to spatial patterns in biodiversity, species richness of an area is affected 

by sampling effects (Chapter 6.4), and heterogeneity of the environment (Chapter 7.2). 

Furthermore, historical patterns (Chapter 9.1.1) such as glaciations, available resources, 

niche partitioning, environmental stress i.e. favourable and unfavourable sites, stability of 

the system, as well as disturbance (Chapter 8.3.2), and biological interactions like 

competition (Chapter 8.3.3) (Whittaker et al. 2001). Different environmental factors and 

types of ecological processes are important drivers both at different scales, and to a 

different extent (Field et al. 2009). For example at small scales, ecological interactions are 

the most important process predicting plant diversity, but at large scales, patterns such as 

plot
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macroclimate or landscape topography are more important (Crawley & Harral 2001, 

Whittaker et al. 2001, Willis & Whittaker 2002, Dufour et al. 2006). 

Temporal Scale 

The temporal scale represents the variation of biodiversity in time. Although, similar to 

spatial patterns, temporal variation has a large range; two main temporal scales were 

distinguished (Brown 1988): 

  long-term or evolutionary periods (Chapter 9.1), and 

  short-term or ecological periods (Chapter 9.2, 9.3). 

In general, independent to the event when the observation has started, species richness at 

first increases fast and then levels off or declines (Brown 1988). In the long-term, changes 

in biodiversity result from the differences between rates of speciation and extinction, while 

in the short-term this is from establishment and disappearance, and the coexistence of 

different species (Yamamura 1997). 

 Measuring biodiversity over time belongs to monitoring concepts, collecting 

ecosystem information at different time to assess ecosystem changes (Yoccoz et al. 2001, 

Duelli & Obrist 2003). Temporal changes in diversity are usually measured as turnover in 

time. The turnover rate is the number of different species between two adjacent areas 

divided by the total number of species in two adjacent areas. Similar to other ecological 

aspects, few long-term biodiversity investigations exist (Willis et al. 2005). 
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6 Measuring Biodiversity 

Quantifying biodiversity is important for the assessment of areas in relation to nature 

conservation, for the development of conservation strategies and for management 

measures. Therefore, it is, for example, also necessary to consider biodiversity patterns 

over time and in different geographical zones (Lévêque & Mounolou 2004), as well as in 

relation to different scales. 

Many measurement methods of biodiversity exist and are described in detail, for 

example by Magurran (2006), consequently only some of them are mentioned here. 

Moreover, a universal measure, considering all aspects of biodiversity in a specified 

system is not available (Lévêque & Mounolou 2004), and diversity indices are often not 

appropriate for ecological applications (Peet 1975). Species richness and measures of 

heterogeneity and evenness respectively could be independent, and therefore both should 

be assessed (Weiher & Keddy 1999, Ma 2005, González-Megías et al. 2007). Especially, 

because evenness considers not only the number of species but also species abundances, 

indices often allow a better description of the communities (Kempton 1979). Due to 

different forms of calculation, the comparison of different diversity indices is sensible for 

conservation decisions (Pitkänen 1998, Lennon et al. 2001).  

Biodiversity measures are traditionally categorised into two main concepts: species 

richness and equitability, evenness whereas richness is the number of species and 

evenness the equitability with which the individuals are distributed among them. Evenness 

is a measure of how similar species are in their abundance (Good 1953, Connell 1961, 

Lloyd & Ghelardi 1964, McIntosh 1976). Although, the term diversity very often 

represents the number of species of one or several ecosystem components, the term species 

diversity includes both, the number of species in a specified area at a given time (species 

richness) and the species equitability (species evenness) with which the according 

individuals are distributed (Hurlbert 1971, Kempton & Wedderburn 1978).  

6.1 Species Richness, Equitability, Abundance, 
Functional Diversity 

Species Richness 

The simplest and oldest measure of diversity is the number of species (Peterson 1976). 

There are two main methods measuring species richness: species richness, in its strictest 

sense, is expressed as the number of species per specified number of individuals or 

biomass and species-density is measured as the number of species per specified area 

(Whittaker 1975, Lomolino 2001, Whittaker et al. 2001, Magurran 2006). This distinction 

represents an individual-based approach, with special indices, like Margalef’s diversity 

index, dividing the number of species recorded by the total number of individuals in the 

sample; and a sample-based approach (Gotelli & Colwell 2001, Magurran 2006).  

This study does not distinguish between both terms. The term species richness is 

generally used as number of species per area, and in the case of productivity-diversity 

pattern (Chapter 8.3.3.2) it is used as number of species per specified biomass per square 

metre. 
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Equitability, Evenness 

The distribution of species in the environment is not equally common, some species are 

very abundant, others rare. Highest evenness is reached if most species of an assemblage 

are equally abundant. It is necessary to distinguish between both diversity concepts, i.e. the 

number of species and evenness, because an area with few, evenly represented species can 

have the same diversity value as one with many, unevenly represented species (Peet 1974, 

Pielou 1975, Moreno et al. 2006). 

Diversity indices are subdivided into parametric measures of diversity on the one 

hand. On the other hand, there are various nonparametric measures of diversity, which 

are distinguished into indices of information statistics as well as abundance-weighted 

diversity (dominance and evenness), and divergence measures (Magurran 2006, Ricotta 

2007). 

One of the most used information indices, despite its disadvantages e.g. depending 

on the plot size investigated, is the Shannon index H’ also known as Shannon 

information index or the Shannon and Wiener index (Hurlbert 1971, Martin & Rey 2000, 

Southwood & Henderson 2000, Magurran 2006). The Shannon index emphasises the 

species richness component of diversity, and rigorously assumes random sampling (Pielou 

1975). There are many other information-indices such as Brillouin’s index (Brillouin 

1962), that could be used especially in the case of non-random sampling (Pielou 1975). 

The second group of diversity indices, often weighted by abundance of the 

commonest species, usually represents either dominance indices or equitability 

(evenness) indices (Lloyd & Ghelardi 1964). Typical indices of compositional diversity 

such as Shannon index or Simpson index based on species relative abundance. Although 

each index considers rare and abundant species differently, high species richness and high 

equitability in species relative abundances jointly imply high compositional diversity 

(Ricotta 2007). 

One common dominance index is the Simpson index (D), also called Simpson’s 

index of concentration (Simpson 1949). It does not increase with area or depend on the 

log-series or any other distribution, but it is necessary to count individuals. Simpson index 

increases as diversity declines and reached the value 1.0, if all individuals belong to a 

single species (Rosenzweig & Abramsky 1993). In its original form Simpson index is less 

favourable for interpretation due to the circumstance that increasing D represents 

decreasing diversity. Therefore Simpson’s index is often expressed as the complement  

(1-D) or reciprocal (1/D) form, both representing increasing values with increasing 

dominance of one or few species (Pielou 1975). Similar to Shannon index, Simpson’s 

index stressed values of the most abundant species in the sample, but in contrast to the 

Shannon index, it is less sensitive to species richness (Kempton & Wedderburn 1978). 

Furthermore, Simpson’s index in some cases is scale dependent (Simpson 1949), 

nevertheless, it is one of the most meaningful and robust measures of diversity (Magurran 

2006). 

Evenness quantifies the equality of species abundances, whereas maximum value 

(1.0) of evenness is reached in the case of an equal distribution of species abundances, and 

the more the relative abundances of species differ, the lower the evenness. The Shannon 

evenness (J’) is often used, derived from the Shannon index H’ (Pielou 1975) this 
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represents the ratio of observed diversity (H’) to maximum diversity. More recently, 

indices combining richness and abundance are of interest (Gorelick 2006).  

Divergence measures represent diversity indices, which include inter-species differences, 

such as the quadratic diversity Q that incorporates both species relative abundances and 

pairwise distances between species (Ricotta & Szeidl 2006, Ricotta 2007). 

In addition, evenness is affected by spatial scale, and increases with plot size in the 

case of random sampling; but decreases with plot size in the case of non-random sampling. 

Changes in evenness with scale are based on small-scale environmental variations (Wilson 

et al. 1999). 

Abundance Measures 

Estimating the number of plant individuals, i.e. the abundance, can be difficult, for 

example, in the case of clonally growth or in dense vegetation. Thus, substitutes could be 

used, like the number of modular units per species in a plant community (Harper 1977). 

These units are relatively constant in size within a species, and include the shoots and 

tillers of a species. A more suitable measure of abundance is phytomass, which is 

especially related to resource uses (Pielou 1966, Hector et al. 1999). Vegetation studies 

generally use plant cover as abundance measure, expressed as the percentage of a specified 

area (Whittaker 1965). Plant cover can be estimated in different ways: directly in the field, 

in certain circumstances from aerial photographs and with remote sensing techniques. 

Although more applicable, cover scales such as that of Braun-Blanquet, has little relevance 

in diversity measurement, and were mainly transformed into percentage values. 

Furthermore, abundance could be estimated using frequency or incidence, the number of 

sampling units in which a species occur. 

Each abundance measure affects biodiversity patterns with varying amount, so the 

comparison of cover and phytomass show little differences between rank/abundance plots 

as well as species richness patterns, but there is less congruence regarding evenness 

(Chiarucci et al. 1999). In distinctive vertical structured vegetation the use of phytomass, 

due to its volume relation, strengthens differences between species of high and low 

abundances in relation to growth height (Magurran 2006).  

Functional Diversity 

Biodiversity includes the numbers of entities (how many genotypes, species), the evenness 

of their distribution, but also the differences in their functional traits (Hooper & Vitousek 

1997, Chapin et al. 2000, Hooper et al. 2005). 

Functional diversity (FD) refers to the range and the value of organismal traits 

that influence ecosystem properties, which means to those components of biodiversity that 

influence the run, the function of an ecosystem (Tilman 2000). It can be measured as the 

extent of functional differences among the species in a community and is a key to 

ecosystem processes (Grime 1979, Chapin et al. 2000, Tilman 2000, Loreau et al. 2001). 

Thus, functional diversity represents community diversity associated to its effects on 

ecosystem functioning (Ricotta 2007), and in addition, ecosystem functioning encompasses 

a variety of phenomena such as ecosystem properties, ecosystem goods, and ecosystem 

services. 
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Differences in traits of species verify the substitution of species diversity with functional 

diversity measures, to emphasise the extent of functional differences in a community 

(Ricotta 2005). There are different approaches to define and measure functional diversity, 

such as the variation in the functional characters of plant species, or the number of 

functional groups present in an assemblage (Hooper & Vitousek 1997, Tilman et al. 1997, 

Naeem 1998, Hector et al. 1999, Tilman & Lehman 2001, Tilman et al. 2001, Moles & 

Hayes 2002, Petchey & Gaston 2002a, b, Mason et al. 2003, 2005, Petchey 2004, Ricotta 

2005, De Bello et al. 2009). Functional groups can be broadly defined (legumes, grasses, 

herbs, wintering birds, woody plants, butterflies), or more finely divided (early and late 

annuals, perennial grasses) (Hooper & Vitousek 1997, Lawton 2000). Analogue to species 

diversity, functional diversity can be split into functional richness, i.e. the amount of 

functional traits, and functional evenness, i.e. the evenness of abundance distribution of 

functional traits (Mouillot et al. 2005). 

The concept of functional diversity is based on the one end at the assumption, that 

some species are functionally identical, such that functional groups exist. On the other end, 

there is the assumption that every species is functionally unique, thus species are not 

redundant in their functions, so that species-loss always reduce functional diversity. 

However, in reality, it is probably a gradual relation, some species are more similar in their 

function than others at rough functional scales are, and all species vary at smaller scales 

(Petchey & Gaston 2002b). 

The positive relationship between species diversity and particularly long-term 

ecosystem functioning is related to the greater number of functional groups in richer 

assemblages (Schulze & Mooney 1993, Diaz & Cabido 1997, Tilman 1997, 1999, 2000, 

Hector et al. 1999, Chapin et al. 2000, Schwartz et al. 2000, Kinzig et al. 2001, Loreau et 

al. 2001, Hooper et al. 2002). However, the general concept between species diversity and 

ecosystem functioning is probably limited due to the existence of a maximum species pool 

for each assembly (Schmid et al. 2001). Comparing effects of abiotic factors on plant 

diversity, ecosystem functions were low at both extremes of species diversity (Kutiel & 

Danin 1987). According to scale, there is the assumption of unimodal relationships 

between diversity and ecosystem functioning at local scales, and positive linear ones with 

levelling-out at regional scales due the principle of complementarity (Loreau et al. 2001, 

Bond & Chase 2002, Hooper et al. 2002). Additionally, there are negative linear ones for 

example with increasing agricultural land use intensity (Flynn et al. 2009). 

Ecosystems containing numerous species with similar functions appear to have a 

higher stability than those with only few species with similar traits (Lévêque & Mounolou 

2004). Thus, the assumption is that ecosystem function depends not on the number of 

species itself, but on the number of functional traits of those species (Hooper & Vitousek 

1997). Functional group richness enhances niche exploitation, for example, due to more 

efficient resource use complementarity. Complementarity probably results in a higher 

performance of a mixture than those of each species of an assemblage, which is often 

attributed to niche partitioning or facilitation (Tilman et al. 1997, Duffy et al. 2007). Thus, 

FD measures the extent of resource use complementarity among species and thereby is an 

explanation for effects of resource complementarity on ecosystem processes (Tilman et al. 

1997, Hooper et al. 2002, Petchey 2004).  
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High degree of niche differentiation and thus low resource competition is indicated by high 

functional divergence. Thus, communities with high functional divergence may have 

increased ecosystem function, maintaining the system in a dynamic equilibrium. 

Consequently, an ecosystem with a higher functional diversity operates more efficiently 

(Hooper & Vitousek 1997, Tilman et al. 1997, Mason et al. 2005). Increasing functional 

diversity supports productivity (Tilman et al. 1997), improves stability according to 

disturbance events and other environmental changes (Kinzig et al. 2001) and enhances 

resilience and resistance to invasions. High native species richness is required to maximise 

ecosystem stability and maintain function (Tilman 1997, Schwartz et al. 2000). Lower 

functional diversity possibly reduces invasion resistance (Chapter 9.3), due to available 

gaps in niche space, which an invader can exploit (Petchey 2004, Mason et al. 2005, 

Ricotta 2005). 

Increasing biodiversity tends to increase biomass, thus there is generally a positive 

relationship between biodiversity and ecosystem functioning (Kinzig et al. 2001, Jiang et 

al. 2008). Considering functional traits, the loss of one or few abundant and dominant 

species respectively, eventually results in a distinct change in ecosystem function due to 

the loss of representative species with essential traits and only secondly based on the loss 

of biomass (Sala et al. 1996). However, functional groups have stronger effects on 

ecosystem functioning than species richness, which was shown, for example, by increasing 

decomposition rates with increasing number of functional groups (Scherer-Lorenzen 

2008), as well as in changes of bird and mammal communities (Flynn et al. 2009). 

Biodiversity affects ecosystem functioning (Schmid et al. 2001). Three main 

approaches describe the relationship between decline in species richness and ecosystem 

functioning (Lawton 1994, Naeem 1998): 1) Redundancy: many species are similar in 

their function, thus only a minimum number of species are necessary for basic ecosystem 

process, and species loss of little importance. Thus at first, ecosystem function increases 

with increasing biodiversity more or less linearly, and levels-out once the minimum 

number of necessary species is reached. 2) Rivet-popping: it is assumed that the loss of 

few species has no obvious influence on ecosystem functioning, but beyond a limit, the 

ecosystem function declines. The relationship between biodiversity and ecosystem 

functioning can be described as an increasing stair-formed curve. 3) Idiosyncrasy: Each 

change in diversity results in a change of ecosystem function, but without predictable 

magnitude and direction of the change, because each individual species have complex and 

different functions. The resulting relation represents an irregularly waved line. Thus, 

biodiversity can at least partly act as insurance for ecosystem functioning against 

environmental changes (Loreau et al. 2003). 

 In general, the argument that the maintenance of biodiversity is essential for the 

sustainable provision of ecosystem services is perhaps the most powerful justification for 

the conservation of biodiversity (Ridder 2008). However, the redundant species hypothesis 

implies that there is a minimal species richness required for ecosystem functioning 

(Lawton 2000), but this has disastrous consequences for nature conservation, because rare 

species will possibly be of lower interest. On the other hand, habitat modifications that 

change functional diversity have large impacts on ecosystem processes, in comparison to 

changes in species richness. Nevertheless, it is a gradient, and both, the effects of species 
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richness and of functional diversity increase with the extent of the differences among 

species or functional groups (Tilman et al. 1997).  

6.2 Spatial Levels of Species Diversity 

According to spatial scale, different levels of species diversity were distinguished (Table 

3), although diversity scales are not discrete entities and represent more or less a 

continuum, without a completely strong hierarchical structure and with different 

proportions of the diversity levels (Loreau 2000). The main diversity levels ( , ! and  

"-diversity) were gained from the increasing species diversity across transects, for 

example, from the beach inland, whereas species diversity based on two phenomena, the 

diversity of each individual stand and the relative differentiation of vegetation patterns 

along environmental gradients (Whittaker 1960). Hence, different diversity levels are 

related to two approaches.  

The first one, the inventory diversity represents the diversity of a specified 

geographic unit. Point diversity represents the diversity of a single sample, the number of 

species in a single plot;   (alpha) diversity is the diversity of a set of samples (or within-

habitat diversity); " (gamma) diversity represents the diversity of a landscape and  

# (epsilon) diversity, the diversity of one biogeographic province (Table 3).  

The second approach, the differentiation diversity, describes the variation in the 

diversity between different geographic units of the same spatial scale. Pattern diversity 

describes the variation between samples within one habitat, ß (beta) diversity that of 

between-habitat diversity, $ (delta) diversity is the change in species composition and 

abundance between landscapes, along geographical gradients of one biogeographic 

province (Whittaker 1960, 1972, Cowling et al. 1992, Magurran 2006). The concrete size 

of the area associated with diversity levels is defined very differently in the literature 

(Whittaker et al. 2001). 

Table 3. Levels of inventory and differentiation diversity in relation to spatial scale (according to 

Whittaker 1972, Whittaker et al. 2001, Magurran 2006, enhanced). 

Scale inventory 

diversity 

differentiation 

diversity 

relation in dunes, 

diversity 

within sample point diversity  of one plot 

between samples,  

within habitat 

 pattern diversity between plots of one dune 

series, e.g. yellow, grey or 

brown dunes 

within habitat  -diversity  of one dune type 

between habitat,  

within landscape 

 !-diversity along a transect from the 

beach inland to the brown 

dunes 

within landscape "-diversity  of one island 

between landscape  #-diversity between dunes in NW-

Germany 

within 

biogeographic 

province 

$-diversity  of the dunes in the Wadden 

Sea area  
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In general, each level of inventory diversity can be measured with the same methods (see 

above), but often the larger the scale, the less species-abundance and the more species 

richness or higher taxon diversity are used. However, differentiation diversity, the 

comparison of areas, requires different measures (Whittaker 1960, Gaston 1996, Magurran 

2006). 

Main Diversity Levels 

 -diversity 

Alpha diversity (primary diversity), is a small-scale measure and represents the species 

richness of a particular stand, a community, a given stratum or a group of organisms in a 

stand and refers to the number of species in a homogeneous entity, and represents within 

habitat diversity. Thus, it is sensitive to the definition of homogeneity and habitat, 

respectively. In general, it is expressed by the number of species (Brown 1988); in large 

vegetation databases it is sometimes defined as the number of plant species occurring in 

one relevé (Willner et al. 2004). According to vegetation science, correlations between  

 -diversity and environment can be shown on the level of single relevés, but also on the 

community level (Willner et al. 2004).  

!-diversity 

Beta diversity (secondary diversity), the so-called between habitat diversity, measures the 

extents of composition change between communities or the degree of community 

differentiation along an environmental gradient (Whittaker 1972). It corresponds to the 

spatial turnover in species composition between sites of a heterogeneous region (Brown 

1988). Various terms of similar meanings are e.g. rate of species-composition change, 

species turnover, species replacement rate, as well as rate of biotic change (Pielou 1975). 

ß-diversity describes the degree to which habitats have been partitioned by species, and 

represents a possibility to compare habitat diversity of different systems (Wilson & Shmida 

1984); hence, it has direct relevance for nature conservation (Cody 1986, Thomas 1990, 

Harrison et al. 1992).  

There are various indices measuring !-diversity, which could be divided into three 

categories:  

1) Measures that show the difference in  -diversity between two or more areas relative to 

"-diversity, whereas "-diversity generally is expressed as total species richness of the area. 

Beta diversity may be calculated simply as the inverse of the mean number of habitats 

occupied by each species occurring in the region (1/mean number of habitats per species) 

(Ward et al. 1999). 

2) Measures that focus on the differences in species composition amongst areas of  

 -diversity, and stressed complementarity/distinctness or similarity/dissimilarity. Comple-

mentarity indices, for example Jaccard and Bray-Curtis coefficients describe the 

difference between sites related to the occurring species. The more complementary two 

sites are, the higher their !-diversity. Usually combined are three variables: the total 

number of species present in two sides, the number of species present only in one side and 

the number of species present in the other side. According to nature conservation, 

complementarity indices can be used to select a group of areas, which mutually represent 
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the maximum of species (Pimm & Lawton 1998). Similarity and dissimilarity 

coefficients, respectively, are common indices such as the Sørensen’s similarity index 

(Sørensen 1948) that measure the proportion of species shared between any two plots. 

Furthermore, the Jaccard similarity index (Jaccard 1902) divides the number of species 

in both samples by the number of species in one of both, resulting in similar results to the 

Sørensen index, but with a slightly less straight-forward interpretation (Vellend 2001, 

Burnham 2004, Lévêque & Mounolou 2004). 

3) Measures that take advantage of the species-area relationships (Chapter 7) and consider 

turnover of species in relation to area (Harte et al. 1999, Lennon et al. 2001, Ricotta et al. 

2002). The slope (z) in the relation between log species and log area (Chapter 7), or the 

slope (m) in the relation between the number of species and log area, can be considered as 

a measure of turnover if plots represent nested design (Lennon et al. 2001, Mumby 2001). 

For example, species turnover of vascular plants and bryophytes across distance gradients 

in Great Britain, using distribution maps in a 10 km × 10 km grid system, was expressed as 

the proportion of the total number of species in the transect to the mean number of species 

in each 50 km × 50 km square (Harrison et al. 1992). 

Most indices of !-diversity are scale dependent, declining with increasing area 

(Lévêque & Mounolou 2004), and increasing with the number of communities in an area, 

reflecting environmental heterogeneity, which is obviously the predominant factor (Økland 

et al. 1990, Harrison et al. 1992, Willner et al. 2004). In addition, turnover varies among 

taxa due to niche speciation. The rate at which species are added, with increasing area is 

strongly related to the heterogeneity of the environment (Harner & Harper 1976). Thus, 

habitat diversity has been assumed as the ecological determinant of !-diversity (Shmida & 

Wilson 1985, Harrison et al. 1992). However, areas with similar habitat diversity may have 

very different rates of species turnover (Shmida & Wilson 1985). 

Similar to the measurement of !-diversity, #-diversity can be measured and 

represent the change of species composition from one landscape, to another. Differences 

between floras are measured, for example, by means of the Sørensen coefficient (Kruger & 

Taylor 1979). 

"-diversity 

Gamma diversity (tertiary diversity) is a measure for landscape diversity (Table 3) and is 

sometimes called ecodiversity (Barthlott et al. 1996). It is given by the number of species 

that live in a more or less heterogeneous region, i.e. the total number of species in all 

habitats, within a geographical area. Species richness of landscapes depends on two 

patterns, species-rich communities ( -diversity) and a high turnover along environmental 

and geographical gradients (!-diversity) (Weibull & Rydin 2005). High species-turnover 

due to steep habitat gradients is one reason for the high species diversity of the Cape 

Peninsula (Simmons & Cowling 1996). 

In general, environmental heterogeneity is often the strongest determinant of total 

species richness (Wohlgemuth 1998). There is a strong relationship between  - and "-
diversity; on the one hand, the regional species pool is determined by the species richness 

of local sites, probably heterogeneous in environmental conditions, while on the other 

hand,  -diversity is limited by the number of species of these climatic regions due to 

microclimate (Rickleffs 1987).  
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Therefore, "-diversity considers species diversity of both a number of samples as well as 

across various habitats; hence, "-diversity is a resultant of both  - and !-diversity. 

Traditionally  -, !-, and "-diversity are related in a multiplicative way (D" = D  * D!) or, 

as explained in the following, in an additive way. When the same species occur in all 

habitats of a region, then  - and "-diversity are equal. Thus, the landscape diversity can be 

partitioned into D" = D  + D! (Whittaker 1960, 1972, 1977, MacArthur 1965, Wilson & 

Shmida 1984). In more detail, D" = D  + D!s + D!r, whereas D!s is the between-site and 

D!r the between-region !-diversity. In the case of vascular plants, the proportion of  

 -diversity is between 18 and 40 % of the total diversity. !-diversity between sites (D!s) is 

often very similar for all taxa; and !-diversity between regions (D!r) seems to be lowest 

for plants with values of about 20 % (Clough et al. 2007).  

Gamma diversity can be me measured by most of the indices mentioned in relation 

to !-diversity, for example, with Shannon index or Simpson index, based on the proportion 

of area of different habitat types (Ricklefs & Lovette 1999, Krauss et al. 2004, Ewers et al. 

2005). Nevertheless, most of these indices, independent of the multiplicative or additive 

relation, fail comparing communities of different continents, of different hierarchical levels 

or different ecosystems, because ! is dependent on  -diversity (Jost 2007).  

6.3 Monitoring and Field Measurements 

Monitoring 

Monitoring is at least necessary to evaluate biodiversity changes, in relation to the aim of 

2010 Biodiversity Target of the Convention on Biological Diversity, to reach a distinct 

reduction of the rate of biodiversity loss (Buckland et al. 2005). Monitoring biodiversity 

can be described as measuring biodiversity over time (Willis et al. 2005), and is the 

collection of ecosystem information at different times to estimate changes in relation to 

nature conservation. It is the collection and analysis of repeated measurements for the 

assessment of an area in relation to nature conservation, in order to evaluate changes in 

condition and progress and to facilitate the development of conservation strategies and 

management measures (Lévêque & Mounolou 2004). Furthermore, monitoring can be 

related to compositional, structural or functional diversity (Duelli & Obrist 2003). 

In addition to pure ecological measurements, monitoring represents a feedback link 

between humans and the environment. Monitoring to maintain conservation of biodiversity 

integrates socioeconomic factors and quantitative and qualitative information, such as the 

type, the amount and/or the frequency of humans influence. Therefore monitoring is 

important to assess the efficiency of conservation measures achieving the sustainable 

protection of biodiversity (Bawa & Menon 1997, Niemelä 2000). Because of the severe 

decline in biodiversity, inventory and monitoring should have high priority in relation to 

policy-making and public opinion (Stork et al. 1996). 

Furthermore, it is necessary to consider biodiversity patterns over time in different 

geographical regions, because conservation measures operate differently in relation to 

time, as well as at local and regional scales, respectively (Lévêque & Mounolou 2004). 

Consequently, methods beside budget vary in relation to spatial and temporal scale 

(Chapter 9). Monitoring programs often insufficiently consider the entities and the methods 
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(Yoccoz et al. 2001). Monitoring is often cost intensive, thus to some extent alternative 

possibilities are carried out at a local scale, for example, in developing countries 

(Danielsen et al. 2005). Alternative possibilities to access species richness by indicator 

species are, for example, also carried out in relation to maintaining biodiversity in NW 

Germany (Wittig et al. 2006). 

Field Measurements 

Field measurements methods of phytodiversity vary, depending on the taxa, the 

environment, the size of the total area investigated and the intention of the investigation. At 

the global scale, for example, about 1400 standard floras and checklists are used for 

estimation of global vascular species richness (Barthlott & Wininger 1998). Monitoring 

habitat diversity at large scales is possible using satellite imageries, for example (Nagendra 

& Gadgil 1999). At a regional scale, species richness could be estimated by field 

observations, such as presence/absence data of species at grid systems resulting in 

distribution data. Different sized grid systems were used, for example 10 km x 10 km in 

Great Britain (Harding & Sheail 1992, Prendergast et al. 1993), or 2.8 km x 2.8 km in an 

area of Lower Saxony and Bremen (Cordes et al. 2006). The used grid-width often varies 

considerably between regions, and up- or downscaling, often necessary when comparing 

different regions exposes serious problems, such as overestimating the occurrence of a 

species in the case of more rough grids (Witte et al. 2008). 

Lists of vascular plants species, for example, in 100 m altitudinal belts from sea 

level to the highest mountain, are used to estimate species richness for altitudinal 

gradients. Beside  -diversity, this data can describe !-diversity, by considering 

compositional differentiation along the altitudinal gradient (Odland & Birks 1999). 

Incidentally, when comparing species richness along altitudinal gradients, it is necessary to 

vary the width of the altitudinal belts, because total species richness ("-diversity) differs 

directly with the total area of each elevation zone (Lomolino 2001). Sometimes only 

special taxa were recorded, for example, in tropical forests only plants equal or larger than 

2.5 cm in stem diameter were listed (Gentry 1988). Because of difficulties of monitoring 

all taxa, indicator species can be used to estimate biodiversity changes (Lindenmayer 1999, 

Wittig 2006). Thus, trends in the abundance and distribution of threatened species, mainly 

red-book-species, are often regularly monitored (Lughada et al. 2005). 

Alternatives for the investigation of large areas are, for example, to record species 

richness of various 0.1-ha samples, each as the result of sum of ten 2 m × 50 m plots 

(Gentry 1988), with consideration paid to sampling design (Chapter 6.4). Furthermore, like 

the usage of indicator or red-book-species, only nature conservation areas were monitored, 

for example fauna-flora-habitat areas. 

Elaboration of complete species lists, could be supported, for example, by using 

model based predictions in relation to existing floristic data and by using environmental 

information to find underrepresented species (Palmer et al. 2002). More recently, 

relationships between the number of species recorded in a set of samples and the 

estimation of the total possible number of species in a community were developed 

(Moreno et al. 2006). 

Temporal changes in diversity are usually measured as turnover in time. The 

turnover rate could be expressed, for example, by the number of different species between 
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two adjacent areas, divided by the total number of species (Yoccoz et al. 2001, Duelli & 

Obrist 2003). In addition, to estimate diversity at different scales for nature conservation 

management, monitoring of biodiversity should consider both aspects, that of habitat-

diversity and that of species diversity (Hermy & Cornelis 2000). 

6.4 Sampling  

Species richness differs with sampling intensity, measured as time expended per site 

(Lomolino 2001), moreover in relation to larger timescales it differs with the number of 

records (Hortal et al. 2008). Studying larger areas takes more effort, and often only  

50-80 % of occurring species are recorded in floristic checklists (Stohlgren et al. 1997). 

The more time spent investigating larger areas, the more species that were recorded, 

whereas there is a levelling-out of increasing numbers of species with time sampled 

(Gaston 1996). Moreover, the more individuals there are, the higher the number of species 

that were observed (Rosenzweig 1995, Goldberg & Estabrook 1998). A general problem is 

the detectability of species, which can be a potential source of underestimation 

(Southwood & Henderson 2000, Yoccoz et al. 2001). The positive relationship between 

number of individuals sampled and number of species present is often used to explain the 

positive slope of species-area curves (Connor & McCoy 1979, Goldberg & Estabrook 

1998). 

Effort per site often declines with elevation, and reaches its highest intensity at 

lower, but not at the lowest, elevation (Lomolino 2001). Sampling effects, moreover, will 

be lower in areas with high evenness (Yoccoz et al. 2001), since in communities where all 

species are more or less similar, common sampling will rapidly provide a relatively correct 

estimate of the species richness. In contrast, samples in areas where few species dominate 

and the others are rare will tend to underestimate species richness (Yoccoz et al. 2001). In 

this case, sampling effects refer to the greater probability of including high productive 

species in an assemblage, which assume that the most productive species is also the 

strongest competitor (Huston 1979, Tilman et al. 1997, Duffy et al. 2007). 

However, estimation of species richness depends on sampling-design, and efficient 

methods are necessary, especially in relation to conservation measures (Stohlgren et al. 

1997). Sampling design (non-random or random approach) affects the estimation of 

species richness. For example, the United Kingdom breeding bird monitoring program was 

formerly based on a non-random approach. As a result, nature reserve areas, often with 

higher number of bird species, were more frequently investigated and species richness for 

the entire area was overestimated (Buckland et al. 2005). Monitoring biodiversity can be 

cost intensive. Thus, sampling design is often a compromise between costs and statistical 

requirements. For example, the comparison of different sampling design (simple random 

sampling, random cluster sampling, systematic cluster sampling, stratified cluster 

sampling) in a tropical rainforest showed that cluster sampling approaches, as well as 

stratified cluster sampling, are of interest regarding costs and statistical efficiency 

(Gimaret-Carpentier et al. 1998). 
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6.4.1 Random vs. Non-Random Sampling (Example I) 

Diekmann M, Kühne A, Isermann M (2007) Random vs. non-random sampling: effects on 

patterns of species abundance, species richness and vegetation-environment relationships. 

Folia Geobotanica 42, 179-190. 

In the last 100 years, hundreds of thousands of vegetation relevés have been collected 

worldwide, mainly to describe the vegetation under consideration of phytosociological 

aspects. During the last ten years, due to computer facilities, large vegetation databases 

were developed and several overviews of the vegetation were established, for example, in 

Mecklenburg-Vorpommern (Berg et al. 2001, 2004). These relevés have been sampled for 

various purposes, but predominantly have not been addressed to biodiversity. Many 

diversity measures assume that individuals have been sampled randomly, considering the 

large amount of available relevés, common statistical tests are inappropriate due to the 

non-random sampling of the relevés (Økland et al. 1990, Lájer 2007). In contrast, random 

sampling is most favourable in relation to statistical analyses (Greig-Smith 1964), but has 

disadvantages e.g. the redundancy of dominant vegetation types.  

 

To test whether phytosociological relevés can be used to assume patterns in community 

ecology, the results of a more objective sampling approach (random sampling) were 

compared with results of a more subjective sampling method (Kühne 2006). 

When monitoring diversity, it is of interest to test if random sampling results in 

more common and less rare species than non-random sampling. Comparing the results of 

two data-sets (random, non-random), species richness in relation to their abundances, 

measured as number of occurrences in all investigated plots, showed that the number of 

species occurring only in few plots was somewhat higher in the non-random sampling 

approach (Figure 3). Moreover, the random sampling approach contains more species 

occurring in many plots. 

In most plant and animal communities, there are few species of many individuals 

and many more species of few individuals. The largest class of species is of those that are 

individually rarest; this gave rise to the logarithmic series of abundance, but is often due to 

insufficient sampling. Alternatively, species more typically fit a log-normal series of 

abundances (Preston 1962), i.e. that the most numerous species were those of middling 

abundance (bell-shaped curve) (Whittaker 1998). 

Thus, random sampling would result in more common and less rare species than 

non-random sampling, whereas differences, although not very pronounced, exist across all 

spatial scales. In the non-random approach an explicit request was to consider as much as 

habitats or vegetation types, so that due to landscape diversity (Chapter 7.2) number of 

species increase with the number of habitats, especially under consideration of species 

occurring in special and rare habitats, respectively.  
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Figure 3. Number of species (as proportion) in relation to the number of occurrences, shown for the 

random approach (above) and the non-random approach (below). 

In relation to scale, it was shown that species richness at small scales was higher in the 

non-random approach, while the increase in species richness with area was higher in the 

random approach (Figure 4). 

Higher species richness at small scales can be explained, for example, by the 

circumstance that phytosociological approaches based on character and differential species, 

and therefore relevés are often placed at particularly species-rich sites. Similarly, higher 

species richness for Iberian dung beetle was estimated with a non-random approach, 

whereas the used database records were proportionally greater in the richest sites, due to 

including rare species (Lobo 2008). Thus, non-randomly based estimates of local and 

regional species richness are higher than those based on random approaches are (Hobohm 

2005).  
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Figure 4. Species area curves (log-log space), one of the random approach, the other of the non-

random approach, both based on nested plots from 0.5 to 25 m² size. 

Although sampling design is undoubtly important, estimation of species richness is an 

integrated approach of both ecological patterns and sampling design, which was shown, 

e.g. for bird species richness, where sampling processes predicted a substantial part of 

species richness, but left great variation unexplained (Carnicer et al. 2008). Thus, sampling 

design in population and community ecology is context dependent (Kenkel et al. 1989). 
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7 Species Richness and Sampling Area 

Species richness increases with increasing area, and is generally affected by three main 

patterns: Area per se effects (Chapter 7.1.1) whereas larger areas have more space for 

more individuals especially for more individuals of larger species (Figure 5); increase of 

species richness due to greater landscape heterogeneity (Chapter 7.2.1); and enhanced 

species richness due to larger island size (Chapter 7.1.2), that represents a combined 

pattern of the area per se effect and heterogeneity. Species-area relationships are 

traditionally based on the theory of island biogeography (Chapter 7.1). 

 

 

Figure 5. Larger species such as Corynephorus canescens need more space than smaller ones such as 

the bryophyte Campylopus introflexus, and therefore more species can occur in larger areas. 

7.1 Island Biogeography 

Islands can be land, surrounded by water (oceanic islands) or surrounded by land (habitat 

islands). These can be divided into large areas (continental islands) like mountains 

surrounded by lowlands, as well as smaller areas (habitat islands), discrete patches of 

terrestrial areas surrounded by very different habitats but not by water (Walter & Straka 

1970, Whittaker 1998, Lévêque & Mounolou 2004). Islands vary in many aspects, e.g. in 

their origins, development histories, and ages (Major 1988, Whittaker 1998); but generally 

they are more or less inaccessible (Brown 1988). One example of habitat islands are 

isolated dune patches along a rocky coast (Obeso & Aedo 1992). 

Islands are not self-containing areas; and species originate by immigration from 

other areas or by speciation (MacArthur & Wilson 1967). In contrast, large areas such as 

continents are self-containing and species mostly originate by speciation within the region 

(Rosenzweig 1995). Islands contain mostly so-called ‘source-species’, whose reproduction 

rates are adequate to establish a population and sufficient for maintenance (Shmida & 

Ellner 1984). For example, the annual Cakile edentula cannot usually survive landward of 

the yellow dunes, without yearly replenishment from driftline populations or new 

propagules arriving with driftline material. Therefore, Cakile edentula is a sink-species 
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landward of the yellow dunes, but a source-species on their seaward side (Keddy 1981, 

1982). ‘Sink-species’, such as Rhizinus communis and Helianthus annuus in coastal 

driftlines, only occur temporarily on islands. The increase of species richness by sink 

species is called mass-effect (Chapter 8). 

The equilibrium theory of island biogeography (ETIB) (MacArthur & Wilson 

1967), which is not un-criticised (Sismondo 2000), first applied to oceanic islands. This 

represents the regulation of species diversity as a dynamic process, where immigration of 

species from a continental source and extinction are in a balance, so that species richness is 

a dynamic equilibrium (%) at a roughly constant level (Figure 6).  

 

 

Figure 6. Equilibrium model of a single island. With immigration rate, expressing the number of new 

species arriving on an island per unit time (I); and extinction rate representing the number of species 

on an island that become extinct per unit time. p is used to designate the number of species in the 

species pool, that is, the number capable of immigration to the island, whether they survive or not, and 

% the equilibrium number of species (MacArthur & Wilson 1967). 

The equilibrium number of species is theoretically reached at the intersection point 

between the immigration and extinction curve. As species richness increases, the extinction 

rate also increases, whereas the immigration rate decreases, as when more species become 

established, fewer species belong to new species (MacArthur & Wilson 1963, 1967, 

Simberloff 1974, Pielou 1975, Brown & Lomolino 1989, Whittaker 1998). However, a 

perfect balance between immigration and extinction might never be reached, thus the 

number of species on an island will fluctuate over time. Therefore, the theory of island 

biogeography is based on a dynamic equilibrium that occurs over long time scales and 

large spatial scales (Connor & McCoy 1979, Huston 1979). While at larger scales, 

speciation and extinction play a major role for species richness, immigration and loss are 

more significant at smaller scales (Godfray & Lawton 2001). 

Extinction and immigration depend on various factors (Brown & Dinsmore 1988, 

Morand 2000), e.g. it is assumed, that local extinctions are inversely proportional to the 

population size (Simberloff 1976) and that equilibrium is determined, for example, by the 

size of an island (Chapter 7.1.2), and the position or and time of isolation of the island 

from source areas (Chapter 9.1.1).  
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7.1.1 Species-Area Effects (Example II) 

Species-area relationships (SARs) express that larger areas have more species, which is 

one fundamental pattern supporting species diversity (Arrhenius 1921, Gleason 1922, 

Preston 1960, MacArthur & Wilson 1967). There are different explanations for the 

relationship between area and number of species. First, the direct area effect, which is 

particularly relevant to small scales, meaning within a particular and distinctive habitat, 

describes the limited space of an area (Whittaker 1998). The area per se effect expresses 

that larger areas have more space for more individuals, consequently allowing more 

species to coexist (Simberloff 1976). The area per se effect varies with the taxa concerned 

and is very small e.g. for lichens; for herbs it was only detectable in patches of less than 

0.1 ha (Gibson & Greig-Smith 1986).  

The relationship between size of an area and its number of species is usually 

described by species-area curves (Collins et al. 2002). The probable first species-area curve 

(Watson 1859) shows the relation between size of the area and the number of vascular 

plants, beginning with a bit of Great Britain’s species richest county, and then enlarging to 

the whole island of Great Britain. Comparing sampling methods there are differences 

between contiguous (more or less nested) and isolated plots (Tjørve & Turner 2009). 

Species-area curves, in their strictest sense, start with the smallest area, followed by the 

larger ones in a nested sampling design. In the case of a scattered subplot design, number 

of species is accumulated, and the species-area relation results in a steeper slope, for 

example, when islands different in size are compared (Rosenzweig 1995). 

There are various species-area functions (Dengler 2009, Tjørve 2009, Williams et 

al. 2009), whereas three main expressions are used to explain species-area relations (SAR): 

the exponential relation, S = Z ln A + C (Gleason 1922), the power functional relation  

S = C × A
Z
 (Arrhenius 1921), and the logistic relation S = B / C + A

-Z
 (Archibald 1949), 

where S is the number of species, A the size of the area, and B, C, and Z are constants. 

Fitting of the models is scale dependent, at small sampling areas the exponential relation, 

at intermediate size the power model, and at large sampling areas the logistic relation 

generally fits best (He & Legendre 1996). Often it is indicated that species abundance 

distributions cause different SARs relative to scale and to vegetation type (Keeley 2003). 

A standard method to plot a species-area curve is to transform both area (A) and 

number of species (S) into logarithm to the base 10 (Rosenzweig 1995), generally resulting 

in a straight line, and limited at both ends (Williamson et al. 2001). The equation of the 

log-log-relation (log S = z log S + log c, where z describes the slope and log c the 

intercept), is called, by Preston (1960), Arrhenius equation. Arrhenius (1921) compared 

different vegetation types, at small scales from 1 to 100 dm² and showed that the number 

of species increased with area. At small scales up to 1000 m² and on small islands (Rydin 

& Borgegård 1988), and especially in relation to phytodiversity, exponential species-area 

curves fit a straight line better in a semi-logarithmic space (log area vs. number of species) 

with S = z log A + c (Gleason 1922, Rosenzweig 1995). The constant c of the Arrhenius 

equation is also dependant on scale (Rosenzweig 1995). Moreover, slopes are dependent 

on the entity investigated, for example, comparing native and non-native species, with 

slopes of species-areas curves generally being steeper for native species (Triantis et al. 

2008). In addition, when comparing slopes of species-area curves of different size, slopes 

of smaller areas are usual steeper than those of larger ones (Martin 1981, Rosenzweig 
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1995, Fridley et al. 2005). However, in more detail, highest z-values occur at intermediate 

scale (1 ha to 10 km²) and lower z-values at smaller as well as larges scales. Thus, different 

processes determine phytodiversity at different scale. At small scales, probably ecological 

interactions between individuals such as competition are most relevant, at intermediate 

scales geology and topography effect landscape heterogeneity, and at larger scales in 

temperate regions a low species turnover is reflected (Crawley & Harral 2001). 

 

Analysing species-area relations in a nested sampling design in different vegetation types 

of coastal dunes along the North and Baltic Sea, shows that the number of plant species 

(including bryophytes and lichens) increase linearly with increasing area, if presented at a 

log-log-graph (Figure 7). 

 

 

 

 

Figure 7. Species-area curves at a log-log-scale for different vegetation types in coastal dunes 

[unpublished data]. Curves represent the vegetation in the order shown in Table 4. (Statistics see Table 

4).  

Table 4. Statistical values of species-area equations (log S = z log A + log c) for different vegetation 

types in coastal dunes. Vegetation is named by characteristic species that represent the main aspect. 

(R²adj. and probability are shown). 

Vegetation  log c z R²adj. p 

Carex nigra 1.4899 0.1807 0.72 0.002 

Campylopus introflexus 1.3235 0.2075 0.65 0.277 

Carex arenaria 1.1600 0.1565 0.97 < 0.001 

Corynephorus canescens 1.0509 0.1959 0.92 < 0.001 

Erica tetralix 0.8700 0.2109 0.99 < 0.001 

Festuca rubra 0.7875 0.2264 0.96 0.002 

Ammophila arenaria 0.3819 0.3576 0.88 0.001 
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One important prediction of species-area relations is that the slope z of the species-area 

curve on a log-log scale depends on the rate at which new species enter the system (Durrett 

& Levin 1996). It is therefore useful for the prediction and estimation of species richness in 

different habitats, for example, when considering conservation measures (Gitay et al. 

1991). Often species abundance and spatial distribution (aggregation) are mentioned as the 

two most important patterns explaining species diversity (Crawley 1997), whereas for 

different scales it was shown that aggregation affects SAR curves less than abundances 

(Tjørve et al. 2008). SARs, as a description of the spatial community structure, consider 

only species richness and do not take into account interspecific differences in spatial 

patterns such as dominance, which can described by more recent approaches as diversity-

area relations (DAR) (Yakimov et al. 2008).  

Representing the data of the coastal dunes at an arithmetic scale (Figure 8), slopes 

of the curves are steep at the first, but gradually become nearly flat. This hints that there is 

an upper limit of species richness at the local scale, but it is also valid for larger scales 

(Chapter 8). Hopkins (1955) showed similar results with a decreasing rise of the slope with 

increasing area. The curves with largest constant c increase faster, if z (the slope in a log-

log-scale) is similar. In coastal dunes, the curve of wet areas with Carex nigra increased 

fastest and reached its saturation point last; in contrast, the curve of the Ammophila 

arenaria vegetation of the yellow dunes reached its saturation point earliest.  

Figure 8. Species-area curves at an arithmetic scale for different vegetation types in coastal dunes 

[unpublished data]. Curves represent the vegetation in the order shown in Table 4.  

Transforming the Arrhenius equation to S = cA
z
, the power function model (MacArthur 

& Wilson 1963, 1967), in this case c determines the slope (not the intercept), presenting a 

constant related to population density and representing the biotic richness of an area. The 

slope of the diversity curve is represented by z, describing the rate of increase in species 

with area, z = � logS/� logA (Preston 1962), and is often used for comparing different 

studies (Martin 1981). Nevertheless, both c and the slope z are scale dependent, whereas  
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c increases and z decreases (Martin 1981, He & Legendre 1996). According to islands 

theory (Chapter 7.1), z generally relates to the isolation of islands (Whittaker 1998). 

The above shows that species-area relations of coastal dunes varies with habitat 

type, indicating that beside area per se effects further patterns are important. Patterns and 

processes of abiotic and biotic variables often override the direct area effect (Harner & 

Harper 1976). Besides area per se effect, habitat heterogeneity (Chapter 8.3), the 

ecological concept that represents the variation of an environmental variable (Feagin 

2005), is the most frequently proposed hypothesis of species-area relations (Hamilton et al. 

1963, Connor & McCoy 1979). Both area and habitat heterogeneity have a pronounced 

effect on species richness (Kallimanis et al. 2008). In addition, the combined effect of area 

and heterogeneity explain up to 98 % of the variation in species richness (Harner & Harper 
1976).  

7.1.2 Species Richness and Islands Size (Example III) 

Isermann M (2004) Differences in species richness of native and non-native plants between 
the East and North Frisian Islands. In: Green DR (ed.) Delivering sustainable coasts. 

Cambridge Publications, pp. 737-738. 

Species richness of vascular plants on the East (EFI) and North Frisian Islands (NFI), 
including the small low islands called ‘Halligen’, was estimated using a database from the 
German Agency for Nature Conservation based on a floristic inventory of Germany.  

The origin of the East and North Frisian Islands differs; the North Frisian Islands 
are formerly connected to the mainland, while the East Frisian Islands were not. 
Regardless of geological origin, at a semi-log scale, species richness of vascular plants of 
both EFI and NFI increased with increasing size of the islands (Figure 9). This result 
represents one of the classic biogeographical patterns, the peninsular effect, whereas large 
landmasses in general are species richer than small islands (MacArthur & Wilson 1967, 
Major 1988). 

Due to the equilibrium model it is assumed, that small islands have fewer species 
than larger islands because small islands contain smaller populations that are more 
expected to become extinct (Brown & Dinsmore 1988). 

Considering conservation aspects, adding up species richness of smaller islands to 
one large area, does not necessarily result in similar a species richness to a single large area 
biogeographically different (Diamond 1976, Simberloff & Abele 1976). Thus, some large 
refuges are essential to minimise extinction rates and to ensure maintaining species 
richness (Diamond 1976). 

In general, species richness of islands, belonging to one archipelago, equidistant 
from mainland and with similar habitat diversity, increases directly with island size, as the 
larger the island, the lower its local extinction rate and the higher its immigration rate 
(Adersen 1995). 

It is likely that due to the more unsaturated flora of the East Frisian Islands 
(Chapter 9.1), the number of vascular plant species increases at a greater rate than on the 
North Frisian Islands (Figure 9). Considering the lesser accessibility, islands typically have 
fewer species per unit area than mainland, thus the species-area relationships are stronger 
on islands than on the mainland (Rosenzweig 1995). The z-value in the log-log-relation of 
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Figure 9 is 0.11 in the case of the NFI and 0.25 in the case of the EFI. In general, the  
z-values of mainland and non-isolated areas, respectively, are about 0.12-0.18, and those of 
islands are about 0.20-0.35 (MacArthur & Wilson 1967, Rosenzweig 1995, Whittaker 
1998). This confirms the general pattern that species area curves would become steeper 
with increasing distance to the mainland (MacArthur & Wilson 1963, 1967). 

 

Figure 9. Increase of species richness of vascular plants with increasing area of East (EFI) and North 

Frisian Islands (NFI) at semi-log-scale. (EFI R²adj. = 0.34, p = 0.075; NFI R²adj. = 0.29, p = 0.098). 

Because of the different history, both groups of islands were analysed separately. 

Although effects of area per se occur (Chapter 7.1.1), species richness is often the result of 
habitat diversity (Chapter 7.2). Variation in habitat diversity on different islands can 
overlay the effects of equilibrium between immigration and extinction (Huston 1994). 
Generally, larger islands contain more habitat types than smaller islands (e.g. Hamilton et 
al. 1963); nevertheless, due to landscape heterogeneity as well as in relation to lime 
content, regarding the West Frisian Islands, small islands can also be species rich. In 
addition, the number of rare species increased with the total number of species, which 
indicated specialisation of species in relation to unique habitat types on the West Frisian 
Islands (Mennema & Weeda 1983). 

7.2 Landscape Heterogeneity 

Spatial heterogeneity and temporal variability are major characteristics of ecosystems 
(Lévêque & Mounolou 2004) and clearly effect phytodiversity (Huston 1994). According 
to nature conservation aspects, it is well known that a loss in species diversity is caused by 
a loss in landscape structure (Tilman 1993). Spatial heterogeneity at least at two spatial 
scales (landscape and habitat) maintains species richness, and positive relationships are 
often shown (Lundholm 2009). There are various large-scaled environmental factors 
supporting spatial heterogeneity, e.g. climate and geological patterns (Huston 1994). 
Nevertheless, at large scales, species richness is caused not only by landscape 
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heterogeneity but also for example by the variation in available resources (Jiménez et al. 
2009). The importance of factors varies with scale, e.g. habitat type at small scales, and a 
combination of habitat type and patchiness at larger scales are the most important factors 
maintaining species richness (Simmering et al. 2006). At landscape scale, different, mainly 
large-scale, ecological conditions create different habitats (Chapter 7.2.1) and enhance 
species diversity, for plants as well as for animals (Schouten et al. 2009). At the local scale, 
for example, niche differentiation, resource partitioning, and competition (Chapter 8.3) are 
of more importance (Cody 1986, Wilson et al. 1999, Stubbs & Wilson 2004).  

Landscape heterogeneity represents one of the important patterns supporting 
species richness (Wohlgemuth 1998, Deutschewitz et al. 2003, Kühn et al. 2004), because 
most species occur only in a set of habitats; and extinction, origination, and co-evolution 
results in long-term habitat specialisation (Rosenzweig 1995). Incidentally, spatial 
heterogeneity was primarily assumed as the most important factor determining species 
richness, for example, when considering the number of lizard species in western North 
America, spatial heterogeneity of the vegetation was particularly crucial (Pianka 1967). In 
contrast the loss of habitats results in a strong decline of species richness, as shown for the 
lost of forest and the decline in the number of land snails (Chiba et al. 2009). 

The co-evolution of species richness and habitat is based on the traditional 
approach that assumes a more or less fixed niche breadth for each species, wherein an 
optimal combination of species traits and ecological conditions is reached (Rosenzweig 
1995). The heterogeneity approach assumed a positive relationship between area and 
number of potential habitats and therefore an increasing number of common, as well as 
rare species (May & MacArthur 1972). One explanation for the relationship between area 
and habitat is that in larger areas there will be more habitat types and therefore more 
species (Williams 1943). Furthermore, the variation in abiotic conditions, such as 
topography, affects the number of habitats, which in turn influence the number of species 
in an area (Hofer et al. 2008). However, considering regions with multi-layered vegetation, 
like tropical rainforest, or regarding animal species richness, habitat diversity also depends 
on the total number of species in an area, for example, because of the number of epiphytes 
(Rosenzweig 1995).  

Habitat diversity allows more species with different environmental requirements to 
coexist (Hamilton et al. 1963, Johnson & Raven 1973, Simberloff 1974). Habitat effects 
are more distinct in relation to species with high degrees of habitat specialisation (Ricklefs 
& Lovette 1999). In larger areas, the area of each habitat type should be enlarged; 
therefore, more species (with similar requirements) could coexist within a single habitat 
type (Kohn & Walsh 1994). This probably results in larger geographical areas and a lower 
extinction rate, and supports species richness (Adersen 1995, Brown & Lomolino 1989, 
Rickleffs & Lovette 1999). According to the concept of assembly rules (Diamond 1976), 
species that overlap less in their ecological requirements, coexist more often than species 
with a large overlap. Therefore, species richness on islands is partly the result of 
competitive exclusions (Whittaker 1998). 

Furthermore, there are density-dependent relationships between species richness 
and habitat (MacArthur-Recher pattern): One species alone spreads out into all habitats 
with suitable abiotic conditions, but by adding a coexisting competitor, niche breadth will 
be reduced (Fretwell & Lucas 1969, Rosenzweig 1995), which was shown, e.g. for 
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different Banksia species (Richardson et al. 1995). Thus, the more species, the more 
narrowly they specialise and the more specialised plant communities occur the more 
different habitats, i.e. vegetation types, will be distinguished. 

Species richness at larger scales, such as landscapes, is predicted by local richness  
( -diversity) and differentiation diversity in relation to environmental heterogeneity. For 
example, the change of species composition along habitat gradients (!-diversity), and at 
larger scales the composition changes along geographical gradients ("-diversity) (Chapter 
6.2). Dissimilar habitats are colonised by different species, therefore, regions with high 
local species richness, high turnover as well as with pronounced habitat and geographical 
gradients, obviously contribute to overall species richness and would have species-richest 
landscapes (Rosenzweig 1995, Vitousek & Benning 1995, Cowling et al. 1996b, Whittaker 
1998). 

Landscape heterogeneity moreover is linked with other gradients such as the 
altitudinal gradients complex (Chapter 8.1), whereas high habitat diversity along an 
elevation gradient in areas with greater topographic variability supports regional species 
richness (Kerr & Packer 1997).  

Landscape heterogeneity can be expressed e.g. as the number of vegetation types, 
soil types or elevation zones (Harner & Harper 1976, Turner 1989); and can be measured, 
for example, as habitat variety index (Magurran 2006). In general, larger areas might 
contain more habitats due to greater topographic and environmental diversity (Gaston & 
Spicer 2004). Hence, the larger the area, the less the area per se effect (Chapter 7.1.1) and 
when comparing equal-sized areas, species richness is predicted more by the number of 
habitats. Thus, heterogeneity in many cases represents the most important factor for 
increasing species diversity at landscape scale (Harner & Harper 1976, Rosenzweig 1995). 
However, species-area relations are explained both by area per se effects, which are more 
pronounced at small scales (Chapter 7.1.1), and by habitat heterogeneity, whereas, for 
example, jointed effects of both patterns were shown for plant species richness in Greek 
nature reserves (Kallimanis et al. 2008). In general, there species richness is higher at 
larger areas, because larger areas contain more habitats than smaller ones, for example, 
because of enriched geological relief, so that landscape heterogeneity increases with area 
(Preston 1962, Harner & Harper 1976, Rosenzweig 1995, Whittaker 1998).  

Nevertheless, very high species richness also occurs in regions with little 
environmental variation, e.g. in the fynbos of South Africa. However, the Cape Peninsula 
is characterised by a very high topographical heterogeneity, pronounced gradients in 
annual rainfall, very different local climatic conditions and a great diversity of especially 
nutrient-poor soils, so that the Cape Peninsula in the whole is characterised by a high 
number of habitats (Linder 1991, Cowling et al. 1996a).  

7.2.1 Bryophytes and Landscape Heterogeneity (Example IV) 

Isermann M (2007) Diversity of bryophytes in an urban area of NW Germany. Lindbergia 

32, 75-81.  

Bryophytes represent high species richness in many habitats, and constitute a relatively 
important component of the vegetation at a variety of habitats, such as, tropical rainforests, 
arctic tundra, rocks, and sandy soils. Furthermore, the preservation of bryophyte diversity 
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is an increasing task of nature conservation (Hylander & Jonsson 2007). Especially in 
urban areas, which often show reduced bryophyte richness because of climatic conditions, 
i.e. an increase in temperature and aridity, and especially because of environmental 
pollution (Koperski 1998).  
 
Bryophyte richness was studied on the Campus of the Bremen University. The area 
contains many different, although often small, habitats, e.g. short grasslands, ponds, 
shrubberies, single trees, a small forest, gardens, and different types of walls and stones. 
The habitats belong to two major substrate groups: soft substrates, such as grasslands and 
hard substrates, like walls and stones. The environmental conditions vary with habitat type. 
In general, hard substrates in comparison to soft substrates were characterised by higher 
temperature, substrate pH, due to higher calcium content, as well as by lower water 
content. 

Species richness of bryophytes at the Campus is comparable to other urban areas 
with similar size (Ziegler 1996). Bryophyte richness increased with increasing number of 
habitats (Figure 10); hence, the results demonstrate that habitat mosaics are important for 
the success of numerous species (Vitousek & Benning 1995). Also in other cities, e.g. 
Belgrade, occur a relation between bryophyte richness and number of habitats (Sabovljevi# 
& Grovi# 2009). Comparing both main substrate types at the Campus of the Bremen 
University, in the case of soft substrate habitats (no. 1-13), the species-habitat curve still 
increases, thus in the area more habitats probably occur, as well as more bryophytes. 
Moreover, on hard substrate habitats (no. 14-21) only few specialists are likely to occur, 
thus the number of bryophytes does not increase further. The results confirm that landscape 
diversity supports species richness and, especially when regarding hard-substrate, the 
number of specialists is enhanced (Krauss et al. 2004). 

 

Figure 10. There is a positive relation between cumulative number of bryophytes and number of 

habitats (R
2

adj. = 0.99, p < 0.001). The habitats are in order of a TWINSPAN classification whereas  

no. 1-13 are soft substrates, and no. 14-21 are hard substrates. 
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The study confirms that bryophyte richness increases with area, similarly to vascular 
plants, because of higher landscape heterogeneity expressed as number of habitats, as well 
as due to area per se effect (Weibull & Rydin 2005). Bryophyte diversity at regional or 
larger scales especially is related to climatic factors, while at smaller scales, species 
richness is mainly affected by diversity of habitats and substrate (Heegaard 2000, 
Hohenwallner & Zechmeister 2001, Zechmeister et al. 2003). At the Campus area, 
bryophyte richness is enhanced by micro-sites, similar to micro-sites like boulders or 
deciduous trees in otherwise coniferous forest (Sjögren 1961, Weibull & Rydin 2005). 

Urban areas, especially cities, contain more native, as well as non-native, plant 
species than the surrounding landscapes (Klotz 1984, Kühn et al. 2004). Urban areas are 
usually characterised by a high degree of habitat diversity that usually supports species 
richness (Fojcik & Stebel 1999). Like this, the number of geological types explained a 
large part of the higher species richness of native plants in cities (Kühn et al. 2004). In 
addition, it was shown that cities are distributed non-randomly in regions with high 
geological diversity (Kühn et al. 2004). Urban areas often contain more habitats per area 
than natural ones due to human activity and the introduction of new substrates as well as 
by the generation of particular micro-sites (Ariño & Saiz-Jimenez 1996).  

Moreover, the Campus area probably represents a transition zone, a large-scale 
ecotone, which generally contains higher values of species richness due to extended habitat 
diversity (Klotz 1984). Higher species richness at transition zones is caused by a greater 
range of environmental conditions than the adjacent, more homogeneous neighbouring 
areas (Shmida & Wilson 1985, Ward 1998, Whittaker 1998). The Campus is situated on 
the outskirts of Bremen City, close to cultivated lands as well as to habitats that are more 
semi-natural. It is also shown that bryophyte richness multiplies several times in 
neighboured surroundings of towns, where more habitats are included ($arnowiec 1996, 
Fojcik & Stebel 1999, Zechmeister et al. 2002).  

Considering nature conservation aspects, urban areas are partly important for 
bryophyte diversity (Young & Jarvis 2001), but often contain more generalists, which are 
able to grow under the specific conditions. Undoubtedly, urban areas are not comparable 
with natural or semi-natural areas, providing a diverse range of ecological niches and 
habitats with many specialists, and are undeniably essential for sustainable conservation of 
bryophyte diversity. 
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8 Species Diversity and Environment at Different 

Spatial Scales 

Heterogeneity defines space as a mosaic of environmental factors, spatially delimited 
structures, at a given time (Lévêque & Mounolou 2004). Spatial heterogeneity occurs at 
different scales (Urban et al. 1987, Pausas & Austin 2001, Hofer et al. 2008). At the large 
scale, gradients complexes (Chapter 8.1), at landscape scale topography and climate 
(Chapter 8.2) may be most important (Urban et al. 1987, Riera et al. 1998, Brown 2007). 
At landscape scale, the number of habitats predicts landscape heterogeneity (Chapter 
7.2.1). Spatial and temporal environmental heterogeneity can affect the dynamic and 
structure of ecosystems at many levels (Huston 1979, 1994, Tilman 1982, 1994). At 
medium scale it can be related, for example, to disturbances such as fire and at smaller 
scales to disturbances such as grazing (Chapter 8.3.2.2). At plot scale, spatial heterogeneity 
in vegetation is also related to the variability of environmental conditions, for example, soil 
pH (Chapter 8.3.1), moreover to species dispersal and competition (Chapter 8.3.3). 

Species richness can be explained by various theories (Whittaker 1977, Tilman 
1982, Shmida & Ellner 1984), which can be distinguished into two classes: equilibrium 
and non-equilibrium models. Non-equilibrium theories assume that external factors, such 
as disturbance, break off competitive interactions and therefore permit co-existence of 
species (Paine 1966, Connell 1978, Grime 1979, Huston 1979, Shmida & Ellner 1984). 
The variability of external factors, i.e. the abiotic conditions, is reflected in the degree of 
habitat heterogeneity, which is one pattern that effects at small scales species richness. 
Heterogeneity, expressed as variability of environmental conditions, affects the number 
of habitat types.  

Equilibrium theories base on the competitive exclusion principle and assume that 
co-existing species have significant differences in their ecological niches (Grubb 1977). 
Thus, co-existence of species can be explained by habitat differentiation, whereas species 
use different parts of the habitats e.g. by resource partitioning, whereas species divide the 
limiting resources so that each species is limited by another component of the available 
resource (Hutchinson 1959, Levin 1974, Whittaker 1975, 1977). Coexistence in spatially 
structured habitats might also be supported by interspecific differences, for example, in 
dispersal, germination, mortality, i.e. factors that influence competitive interactions (Grubb 
1977, Tilman 1982, Tilman & Pacala 1993). Therefore, habitat heterogeneity determines 
species richness by the number of niches (MacArthur & Levins 1967). In reality, both 
mechanisms are important in maintaining species diversity, for example, in coastal plain 
savannas (Walker & Peet 1983). 

In accordance to equilibrium models, an ecological niche is a hypervolume of n 
dimensions (Hutchinson 1957), each representing a resource gradient (Whittaker 1998). 
Whereas the fundamental niche is the set of environmental conditions permitting a 
species to exist and the realised niche, the subset of conditions not shared with other 
species due to competitive exclusion (Gaston & Spicer 2004). The niche idea assumes the 
limitation of coexisting species by available resources (Chapter 8.3.3), the concept of 
niche limitation, because species are not completely similar in their resource requirements 
(Hutchinson 1959, MacArthur & Levins 1967, MacArthur 1970, Tilman 1980, 1982, 
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1993). The more heterogeneous the habitat, the greater, for example, the number of 
resource types, this results in both a greater number of species and individuals (MacArthur 
& Wilson 1967, Wright 1983).  

Thus, in equilibrium models (Chapter 7.1) the number of species is so high 
because differences in species requirements exist (May & MacArthur 1972). In a spatially 
homogeneous habitat niche limitation occurs, so that only one species per limiting resource 
is able to exist (Tilman 1993). In an equilibrium model, the realised niche breadth 
decreased during succession (Mazurek & Romane 1986), and immigration and speciation 
would result in saturated communities, where all niches are filled (Cody 1968, Ricklefs 
1987). Thus, for plants the idea of a saturated resource space in a spatial context is 
possible, where different micro-sites, with different environmental conditions were 
occupied by specially adapted species. Differences in rooting depth, for example, can 
allow species to use different water and nutrient regimes (Berendse 1982). Another 
example is the stratification of the canopy that represents a vertical niche axis. 
Nevertheless, the variation in micro-site conditions, which are most relevant for species co-
existence, indicates that there is probably neither niche limitation nor saturation (Whittaker 
1977, Wilson & Sykes 1988, Palmer & White 1994, Palmer & Van der Maarel 1995). 

Niche differentiation in an equilibrium model supposes that dissimilarity in niches 
of coexisting plants prevent competitive exclusion (Crawley 1997). Heterogeneous 
habitats support available niches and thus coexistence of more species (MacArthur & 
Wilson 1967, May & MacArthur 1972, Martin 1981). Resource competition increases with 
species richness and supports specialisation (Cody 1991), for example, in salt marshes 
(Russell et al. 1985). The more specialised species are, the less their niches will overlap, 
and the more species can coexist, and in turn the species-richer the vegetation as there are 
no limiting resources (Gaston & Spicer 2004). In heterogeneous habitats a potentially 
unlimited number of species can coexist as long as interspecific competitive trade-offs 
occur (Tilman & Lehman 2001). Moreover, the establishment of new species is depending 
on occurring competitors (MacArthur & Wilson 1967). Niche differentiation, for 
example, is shown by variation in growth forms in the South African fynbos (Cowling et 
al. 1992). Because each growth form represents a particular resource strategy (Cody 1986, 
1989), positive relationships between species richness and number of growth forms occur. 
Furthermore, niche exploitation determines ecosystem functioning (Chapter 6.1) which 
generally increases with increasing species diversity. However, as species diversity 
increases there is also the possibility of an increase in overlapping resource use (Schwartz 
et al. 2000, Loreau et al. 2001, Bond & Chase 2002). 

Beside micro-site limitation, species richness can be limited by seed arrival, so 
that species richness, particularly at small scales, also depends on the arrival of new 
propagules from their close neighbourhood, and is limited by the size of the local species 
pool. Furthermore, species richness is related to the species composition, because dispersal 
of propagules depends on the life-history traits of the species (Huston 1979, Zobel et al. 
2000, Dufour et al. 2006). Effects of dispersal on species richness are substantial (Lévêque 
& Mounolou 2004), and include, for example, the phenomenon called mass effect. The 

mass effect describes the support of species richness by continuous input of propagules 
from a source habitat, whereas coexistence is more or less independent of available niches 
(Shmida & Ellner 1984, Shmida & Wilson 1985). Existence of mass effect might be shown 
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e.g. by a decrease in native species with increasing distance to a source area (Hatton & 
Carpenter 1986). Furthermore, mass effect increases species diversity near habitat 
boundaries, because the effect enhances  -diversity (within-site diversity) from !-diversity 
(differences between sites) (Kunin 1998). However, it is most probable that both niche-
assembly and dispersal-assembly play an important role explaining coexistence of species 
(McKane et al. 2002, Potts et al. 2004). 

8.1 Large Gradients Complexes: Latitude and Altitude 

At the global scale, spatial variation not only in phytodiversity, but also in biodiversity 
overall, is represented by the change of species richness along latitudinal gradients. 
Latitude as well as altitude have no direct influence on plant growth, but are related to a 
complex of environmental factors (Huston 1994, Gaston & Spicer 2004). The variation in 
species richness at large scales can be explained by different approaches, for example by 
latitudinal and altitudinal gradients with different underlying patterns and processes 
(Stevens 1989, Currie 1991, Rohde 1992, Rahbek 1995, Rosenzweig 1995, Caldecott et al. 
1996, Gaston 1996, Kerr & Packer 1997, Brown & Lomolino 1989). Furthermore, large-
scale gradients can be explained by Rapoport’s rule or Rapoport’s rescue hypothesis 
(Stevens 1989, 1992). Partly toped on the previous, species-range distributions in relation 
to geographical boundaries of a region (or domain) are the origin for the mid-domain 
effect. 

Latitudinal Gradients Complex 

Species richness of most organism groups increases from higher towards lower latitudes, 
therefore biological diversity is greater in the tropics than in temperate regions (Huston 
1994, Rosenzweig 1995, Gaston & Spicer 2004). An increase, often not linear, was shown, 
for example, for birds, mammals, amphibians, and reptilians (Currie 1991). The number of 
species in tropical regions is up to two times greater than in temperate regions, which in 
turn can be up to one time greater than in polar regions (Stevens 1989). Highest species 
richness often is not reached directly at the equator, but a little north at 20-30° N (Fischer 
1960, Terborgh 1973, Gentry 1988). The gradient normally shows an asymmetrical 
distribution about the equator, this is due to the larger land area to the north of the equator, 
resulting in a more rapid increase in species richness (Gentry 1988, Rosenzweig 1995).  

The latitudinal gradient is well represented for terrestrial and freshwater systems 
(Gaston & Spicer 2004). Exceptions are relatively rare and only in rather narrowly defined 
groups. Species richness increases polewards within a latitude belt before decreasing at 
still higher latitudes (Pielou 1975). For example, the number of bryophytes and lichens 
mainly determines arctic phytodiversity (Bültmann 2005), especially lichens, which tend to 
have their greatest abundance and diversity in dry or cold areas, where larger vascular 
plants are out-competed. 

The latitudinal gradient in biodiversity is a complex gradient (Pianka 1967) that is 
related, for example, to climatic factors and consistently changes with latitude, e.g. average 
temperature, annual precipitation, seasonality, variability in temperature and precipitation, 
evapotranspiration, and solar energy (Pielou 1975, Whittaker 1977, Gentry 1982, Rohde 
1992, Cowling & Samways 1995). Landscapes with the highest values of species richness, 
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at various scales represent high productivity at low latitudes (between 25 and 30° latitude), 
but with large seasonal temperature fluctuations. Greater seasonal temperature fluctuations 
support landscape diversity (Scheiner & Rey-Benayas 1994). The relations between 
climate and species diversity evident at large scales are overridden at smaller scales by 
effects of biological patterns and process such as competition (Greigh-Smith 1979, 
Woodward 1987, Wiens 1989). 

The gradient is caused by various mechanisms: Tropical regions occupy larger 
areas on the globe than temperate or cold regions, so species-area relations per se effects 
(Chapter 7) occur (Terborgh 1973, Godfray & Lawton 2001), and due to larger area, they 
usually have higher rates of speciation and lower rates of extinction (Rosenzweig & 
Abramsky 1993). Higher levels of energy availability in the form of resources, allow 
more species to occur in the tropics than in high-latitude regions (Wright 1983, Currie 
1991, Wright et al. 1993). Furthermore, environmental factors related to energy, like 
nutrient availability, explain more variation in species richness (Tilman & Pacala 1993, 
Wright et al. 1993). 

Furthermore, large-scale environmental disturbances like glaciations, with an “ice-
scraper effect” upon biological diversity, have been less frequent in the tropics. The 
resulting greater length of effective evolutionary time in the tropics is linked with higher 
rates of speciation and lower rates of extinction, and is probably the primary cause of 
higher species richness in the tropics (May 1990, Rohde 1992, Huston 1994, Godfrey & 
Lawton 2001, Gaston & Spicer 2004). The stable climatic conditions found in tropical 
regions, seasonal as well as long-term, support specialisation and the occupation of 
different ecological niches (Huston 1994, Dymond et al. 2003). In general, high 
environmental stability leads to high community stability, which in the main allows high 
biodiversity (Pielou 1975).  

Many other mechanism and factors such as primary productivity, number of 
habitats, niche-width, and to some extent wilderness (Dymond et al. 2003), are linked with 
the latitudinal gradient, based on different mechanisms operating in the same direction 
(Pianka 1966, Terborgh 1971, Diamond 1976, Stevens 1989, Rohde 1992, Rosenzweig & 
Abramsky 1993, Huston 1994, Schreiner & Rey-Benayas 1994, Rosenzweig 1995, 
Dymond et al. 2003, Ricklefs 2005). However, effects of any of these mechanisms could 
be modified or overridden by various other factors, such as habitat heterogeneity (Chapter 
8.3) (Gaston & Spicer 2004). Furthermore, the relative importance of mechanisms varies 
with latitude, for example, energy availability limits species richness at high latitudes, but 
habitat heterogeneity became more important at lower latitudes (Kerr & Packer 1997, Kerr 
et al. 2006). In addition, the importance of each factor varies in relation to the systematic 
group (Dymond et al. 2003). 

Latitudinal gradients occur in many habitats, including coastal ones (Rohde 1992), 
although coastal areas due to their oceanic climate are quite often considered atypical for 
their latitude (Whittaker 1998). For example, along the north European coast, surface 
temperatures of the sea are at least 3 °C higher than the latitudinal average (Tallis 1991). A 
latitudinal gradient in coastal areas was shown for vascular plant species richness in 
Australian coastal dunes, whereas there was a decline in the number of species along the 
latitudinal gradient, ranging from about 12° S to about 42° S (Figure 11). 
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Figure 11. Plants of sandy coastal habitats in Australia show a latitudinal gradient, despite their being 

sampled from a single uniform biotope (Specht 1988 from Rosenzweig 1995). 

Nevertheless, species richness of coastal dune ecosystems is affected less by the latitudinal 
gradient complex, because of the oceanic climate, which is similar to oceanic islands 
(Whittaker 1998). For example, in temperate regions the annual average range on islands is 
less than 10 °C (Whittaker 1998). Coastal dune vegetation, especially from ephemerous 
tidemark communities to pioneer communities in stabilised zones, shows an azonal 
character, independent of climatic zones (Doing 1985). Therefore, the vegetation often has 
a typically maritime so-called ‘paraclimax’ (Van der Maarel 1993). Comparable vegetation 
zones of dunes show a similar structure worldwide, and beach and dune vegetation contain 
many widespread species, like Ammophila arenaria and Cakile maritima (Doing 1985). 
Nevertheless, a worldwide comparison of coastal dune species richness, along the 
latitudinal gradient complex could be of interest to evaluate a general decreasing littoral 
influence from driftline vegetation to inland shrub-, heath- and woodland towards a more 
visible latitudinal effect. 

Altitudinal Gradients Complex 

Another large gradients complex similar to the latitudinal gradient is the altitudinal 
gradient, whereas lowland areas are in general species-richer than mountaintops (Stevens 
1992). Regarding large areas, altitudinal gradients play a minor role in comparison to 
latitudinal gradients, because of its smaller magnitude (Gaston & Spicer 2004) and are 
naturally more important at the landscape scale of mountainous regions (Table 2). It is not 
surprising that altitudinal gradients are not relevant in coastal dunes that develop 
approximately at sea level and are usually only reaching a few metres high.  

Species richness general decreases with increasing elevation (Gentry 1988), but 
there are also examples of increasing species richness with elevation (Sang 2009). 
Sometimes there is a linear decline in species richness with altitude, for example, the 
vascular plant species on mountains of the Faroe Islands (Fosaa 2004). Linear relations 
occur (Hamilton 1975), especially when considering only a part of the entire elevation 
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gradient (Kitayama 1992), for example, in the upper part of the elevation gradient herbs, 
shrubs, and vines decline in the number of species with increasing altitude in tropical forest 
(Vázquez & Givnish 1998). More often vascular plant species richness reaches highest 
values at intermediate levels of altitude, and shows a humped relationship with elevation 
(Whittaker 1960, Whittaker & Niering 1975, Shmida & Wilson 1985, Rahbek 1995). This 
was shown, for example, for plants as well as for birds in tropical forests of Costa Rica 
(Lieberman et al. 1996, Jankowski et al. 2009), and along a declining moisture index in 
Arizona (Whittaker & Niering 1975). However, the humped relationship along an 
elevation belt probably occurs only considering all fertile and sterile plant species, and will 
be linear considering only fertile ones (Kessler 2009). For animals, e.g. insects, species 
richness at intermediate levels of altitude is probably related to higher harvestable 
productivity from the plant communities at intermediate elevations (Janzen 1973). 

If species richness at low altitudes is already high, or the slope primarily increases 
very steeply, the humped relation is often even flat, and after a plateau species richness 
declines with increasing elevation (Rahbek 1995, Odland & Birks 1999, Colwell & Lees 
2000, Grytnes & Vetaas 2002). Altitudinal gradients are more pronounced near the sea 
than inland (Whittaker 1998). Furthermore, the altitudinal gradients complex appears to be 
less pronounced at lower latitudes; in all probability, the mean altitudinal range is smaller 
due to analogous patterns of the below-mentioned Rapoport’s latitudinal rule (Stevens 
1992). 

The altitudinal gradient in species richness is similar to the latitudinal gradient but 
caused by different factors (Lomolino 2001, Gaston & Spicer 2004), thus decline in 
diversity with increasing elevation reflects, in most respects, the latitudinal gradient of 
species richness (Terborgh 1971, Brown 1988). Climatic factors, especially temperature 
and precipitation, are the main grounds for defining this gradient. Generally, an increase in 
elevation of 1000 m results in a decrease in temperature of about 6 °C, which is 
comparable with an increase in latitude of a linear distance of 500 to 750 km (Terborgh 
1971, Huston 1994). Thus, the altitudinal gradient is also related to energy availability, 
probably reaching the highest values at low to intermediate elevations (Lomolino 2001). 
Moreover, surface area is larger at lower elevation zones, thus species richness according 
to sampling design can be influenced by the same processes as species-area per se 
relationships (Chapter 7). In general, lower elevation zones have a greater amount of 
resources, more niches and space for species with larger distribution ranges, greater 
environmental diversity and greater potential for the establishment of new species 
(Lomolino 2001). 

Furthermore, higher elevations, such as mountain peaks are, for many species, 
much more isolated from other areas at low or intermediate elevations and are 
characterised by island effects (Chapter 7.1). Incidentally, an isolated position increases 
the possibility of speciation, as well as of local extinction because of the reduced 
connectivity of populations. Thus, higher elevations may have lower species richness, but 
usually have higher levels of endemism (Chapter 4.2) (Gaston & Spicer 2004).  
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Rapoport’s Rule  

Rapoport’s rule (Rapoport 1982) describes the general trend of increasing extent as well as 
increasing standard deviation of the geographic distribution range of plants and animals 
with increasing latitude (Stevens 1989, Rohde 1992, Brown et al. 1996, Richter 1998).  

At high latitudes, for example the daily and yearly mean temperature range is much 
greater than in the tropics. Thus, species occurring in high latitude regions are adapted to 
different climatic conditions and typically have a higher environmental tolerance i.e. are 
more tolerant to temperature fluctuations than low-latitude species. The broader tolerances 
allow species to occur across wider geographical ranges than species at lower latitudes 
(Stevens 1989). Rapoport’s rule provides an explanation for the higher species richness in 
the tropics (Stevens 1989), because in general, tropical species have smaller ranges than 
temperate taxa. The rule assumes that local species richness is strongly affected by close 
range margins of potentially interacting species. Therefore, low latitudinal sites have 
relatively more species near the margin of their range than high latitude sites (Stevens 
1992). Furthermore, Rapoport’s rescue hypothesis estimated that there is a protection of 
local populations from extinction at the range margins of a species in relation to source-
sink dynamics, proportionally enhancing the ratio of species per area in the tropics 
(Stevens 1989, Lyons & Willig 2002). 

Rapoport’s rule is similar to latitude and can partially explain the decline in species 
richness as elevation and the altitudinal range of species increase (Brown 1988, Stevens 
1992, Harcourt 2000). Species richness often peaks at intermediate altitudes and there is 
often no negative correlation between the number of range borders and altitude (Hausdorf 
2006). In contrast to Rapoport’s rule, it was shown that the latitudinal gradient is scale-
sensitive (Lyons & Willig 2002). 

However, as there is less temporal temperature variation at lower latitudes, the rule 
in the tropics is less pronounced, and regular increases in latitudinal extents are not 
common. Therefore, Rapoport’s rule is often considered as a pattern of areas in the north 
respectively of higher latitude (Chown et al. 2004), but it can also be valid for tropical 
regions (Harcourt 2000). The best-fit models of latitudinal gradients with the real world 
were estimated by combining Rapoport’s rule, rescue effect, and competition at both local 
and regional sampling scales (Taylor & Gaines 1999). 

Moreover, Rapoport’s rule is overridden by geometric patterns of species ranges in 
relation to geographical boundaries (mid-domain effect) and other phenomena discussed 
by Colwell & Lees (2000). 

Mid-Domain Effect 

Biogeographic diversity patterns, such as the latitudinal gradient complex in species 
richness, were generally caused by climatic, ecological, evolutionary, and historical 
explanations. However, species richness gradients can be the result of geometric 
constraints on species range boundaries without any environmental or historical gradient, 
describing the geometry of species ranges in relation to geographical boundaries (Colwell 
& Lees 2000, Grytnes 2003, Colwell et al. 2004). Boundaries are geographical features 
that limit the geographical ranges of species by operating as dispersal barriers (Grytnes 
2003).  
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The mid-domain effect (MDE) generates a pattern in geographic space. MDE is 
characterised by a peak of species richness towards the centre of a domain (a region), a 
humped-shape relation of species richness, because of an increasing overlap of species 
ranges, due to spatial constraints, towards the centre of a shared, bound geographic domain 
(Colwell & Lees 2000, Grytnes 2003, Dunn et al. 2007). The MDE is based on shared 
physiographical and physiological boundaries in relation to range-size distributions of 
species (Colwell & Lees 2000, Hawkins et al. 2005, Colwell 2008); whereas it is assumed 
that the geometry of land as well as oceans could, in general, limit the distribution of 
species (Bokma & Mönkkönen 2000, Zapata et al. 2003). 

The distribution ranges of species in models are randomly arranged on a limited 
one- or two-dimensional area, whereas results can be different in relation to the used model 
(Arita 2005). Mid-domain models are null models. They explain how diversity will be 
distributed in space when there are no environmental gradients within the domain. That 
means that MDE creates patterns in species richness in the absence of environmental 
gradients (Colwell & Lees 2000, Grytnes & Vetaas 2002, Lyons & Willig 2002). 
Although, mid-domain models do not explain the underlying ecological processes resulting 
in those patterns of species richness (Hawkins et al. 2005), they often produce a gradient of 
species diversity similar to that in real assemblages and explain a large proportion of 
geographical variation in species richness (Colwell & Lees 2000, McCain 2004, Arita 
2005).  

Although concerning large scale, the degree to which mid-domain models explain 
the variation of species richness appears to be scale dependent. Mid-domain model’s 
predictions of patterns of species richness seem to be most explanatory in the case of 
relatively large distribution ranges and large-scale of analysis (Dunn et al. 2007). 
Nevertheless, there are also studies where MDEs fit better in smaller latitudinal domains 
(Romdal et al. 2005), for example, MDEs were more pronounced within classical 
biogeographic regions in comparison to investigations across the entire global scale 
(Storch et al. 2006, Weiser et al. 2007).  

MDEs occur also along altitudinal gradients in a humped-shape relation, for 
example, in the case of diversity patterns of small mammals, although climatic conditions 
such as rainfall and temperature are also correlated with the pattern of species richness 
(McCain 2004). There are many other examples for mid-domain effects of species richness 
along elevation gradients (Grytnes & Vetaas 2002, McCain 2004). In addition, mid-domain 
hypothesis can explain patterns of flowering species richness in sub-alpine communities 
(Morales et al. 2005). 

8.2 Regional Scale 

8.2.1 Macroclimate (Example V) 

At regional scales, environmental heterogeneity occurs, for example, due to gradients of 
macroclimate. One regional macroclimate gradient occurs along the Baltic Coast that is 
characterised by a west-east gradient from sub-oceanic to a more continental climate 
(Figure 12). Thus, the coastal region of Mecklenburg-Vorpommern can be divided into 
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different climatic subregions (Kliewe 1951). The changing macroclimate determines the 
occurrence of oceanic and continental plant species. 

As a result, differences in the distribution of oceanic and continental plant 
communities occur along the coast (Figure 12). In more oceanic and more continental 
areas, respectively, only few vegetation types occur predominantly. In contrast, along 
environmental gradients, such as this macroclimate gradient, transitions from one 
ecological zone to another occur. In contrast, in the climatic transition area, the Darß-
Hiddensee-Rügen region (the so-called “Rügener Inselraum”), more vegetation types occur 
with similar frequency (Isermann 1998). At small scales, transitions from one ecosystem to 
another, ecotones are often characterised by edge effects. At small scales, ecotones occur, 
for example, in saltmarshes, coastal foredunes, along rivers, forming boundaries between 
land and water or between woodland and grassland creating so-called ‘mantel’-
communities (Ward et al. 1999). 
 

  

Figure 12. Distribution of dry dune grasslands of oceanic plant communities (Corynephoretalia 

canescentis) and more continental communities (Sedo acris-Festucetalia) along a climatic gradient 

along the Baltic Coast of Western-Pommerania [unpublished data]. Climatic subregions are I western 

coastal climatic region (Ia Westmecklenburgische Küste, Ib Nordwest-Rügener-Inselraum), II eastern 

coastal climatic region (IIa Nordost-Rügener-Inselraun, IIb Ostmecklenburgische Küste) (Kliewe 

1951). 
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In general, transition zones are characterised by different environmental conditions, 
particularly a greater range of environmental conditions, e.g. different nutrients and climate 
than the adjacent, often more homogeneous neighbouring areas. Thus, a greater number of 
habitats occur in these zones with the potential for plant species to become established. 
Moreover, transitions have characteristics of the neighbouring ecosystems, in addition to 
their unique ones (Ward et al. 1999). Abiotic and biotic differences between the 
neighbouring areas enhance habitat diversity, and niche differentiation (Holt 1993). 
Therefore, transitions often have higher values of species richness per unit area than either 
of the adjoining zones (Shmida & Wilson 1985, Whittaker 1998). 

Figure 13. Mean number of vascular plant species in dune communities of climatic subregions along 

the coast of Western-Pommerania. The subregion Ib is divided into two subparts, between Darß and 

Rügen [unpublished data]. (ANOVA F = 49.37, p < 0.001, n = 107, 403, 410, 219, 194). 

Consequently, on the landscape scale transitions can result in a higher degree of vegetation 
diversity. Moreover, species richness in dunes is on average higher in the transition zone of 
the Darß-Hiddensee-Rügen area (Figure 13), especially dunes in the western parts of 
Rügen reach higher values of species richness. Thus, regional environmental heterogeneity 
enhances both, diversity at communities, as well as at species level. 

8.3 Local Scale  

8.3.1 Soil pH (Example VI) 

Isermann M (2005) Soil pH and species diversity in coastal dunes. Plant Ecology 178, 

111-120. 

Heterogeneity in environmental conditions can be expressed, for example, by abiotic 
factors such as climate or soil conditions. Soil conditions differ on spatial and temporal 
scales (Campbell & Grime 1989, Webster 2000). Coastal areas represent highly 
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heterogeneous areas (Ievinsh 2006) and this environmental heterogeneity refers to various 
patterns of environmental variability, such as scale, contrast, certainty, temporarily and 
spatiality (Ievinsh 2006). 

In dunes, for example, the annual variation in soil pH is about one pH unit 
(Troelstra et al. 1990). Variability of soil contents, such as N, P or K, increases with spatial 
scale, due to more pronounced effects of geological processes, climate, and topography on 
soil structure (Beckett & Webster 1971). Besides nutrients, other soil-related factors such 
as pH-value are of importance in coastal dune areas (Ievinsh 2006).  

Moreover, biotic factors, such as the vegetation itself, affect spatial variability in 
soil parameters, especially at small scales (Yang et al. 1995), as much or more than 
climatic processes (Goderya 1998). Soil pH is influenced by the vegetation, and 
interactions between plants and soils are well known (Dahiya et al. 1984). On larger scales, 
vegetation composition of dunes depends on soil conditions and in turn, dune vegetation 
has an influence on the soil, e.g. by the enrichment of organic matter. On smaller scales, 
spatial variability of soil conditions may cause heterogeneous plant growth (Tsegaye & 
Hill 1998) and probably raises species diversity. 

Relationships between species diversity and variability of environmental factors, 
shown for soil pH, were studied at two different spatial scales in coastal dunes.  
Small-scale variability of soil pH was measured in five dune vegetation types from the 
yellow dune to the brown dune on the island of Norderney. From each plant community 36 
soil cores were taken from the upper soil of a square metre at 20 cm intervals on a 
sampling grid. Differences in soil pH were calculated between neighbouring sample points 
(rows and columns) for each of the five communities.  

Large-scale variability of soil pH was studied along the Baltic coast of 
Mecklenburg-Vorpommern. From the upper soil, 190 samples were taken in 12 different 
plant communities, whereas the distance between samples was larger than 100 m. Number 
of species, Shannon Index (H’), and evenness (E) were used to express species diversity. 
Standard deviation (SD) and coefficient of variation (CV) were used to estimate soil pH 
variability. 

At both scales, species richness and in most cases the Shannon index (Table 5, 
Table 6) were lowest in the yellow dunes and highest in the grey dunes, with exception of 
the wet dune valley on Norderney. 

At the small scale, soil pH variability between neighbouring points, expressed as 
both range between minimum and maximum and as standard deviation (within each plant 
community), was modest in most of the plant communities with a high vegetation cover 
(Table 5). Soil pH variability was lowest in the community dominated by the moss 
Campylopus introflexus as well as in the Carici-Empetretum nigri, and highest in the 
Pyrolo-Salicetum a community of wet dune valleys. 

As to the pH difference between the neighbouring points within the 20 cm-grid, soil 
variability again was lowest in the Campylopus community, and reached highest values in 
the Pyrolo-Salicetum, as well as in the Elymo-Ammophiletum (Table 5). 
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Table 5. Vegetation, species diversity (# number of species, H’ Shannon index), percentage total 

vegetation cover (veg. cov.), dune type, and soil pH variation across sample points of five different 

plant communities of dunes on Norderney (y = yellow dune, g = grey dune, b = brown dune; SD 

standard deviation).  

plant community species 
diversity 

veg. 
cov.

type soil pH Soil pH 
variation 

 # H’   Min-
Max  

SD Max SD

Elymo-Ammophiletum arenariae 2 0.43 60 y 0.80 0.24 0.76 0.19
Violo-Corynephoretum canescentis 10 1.22 60 g 0.79 0.19 0.64 0.15
Campylopus introflexus community 9 0.55 100 g 0.56 0.12 0.39 0.09
Pyrolo-Salicetum repentis 15 0.53 100 b 0.94 0.19 0.89 0.19
Carici-Empetretum nigri 9 0.94 100 b 0.69 0.16 0.62 0.15
 

Species richness increased with soil heterogeneity, shown in a positive linear trend 
between the number of species and the soil pH range as well as the maximum of the 
standard deviation. However, species diversity expressed as Shannon index tended to 
reach highest values at intermediate levels of soil pH variation. Thus, in plant communities 
with low soil heterogeneity only few species occur, such as in the Campylopus introflexus 
community. Nevertheless, in communities with very high soil heterogeneity only few 
species occur, for example, in the Elymo-Ammophiletum arenariae, where soil 
heterogeneity is probably very high due to the high level of unvegetated sandy patches. 
Unfortunately, this relation was only significant regarding the standard deviation of the 
maximum pH variation. 

At the larger scale, variability of soil pH, expressed as total range, standard 
deviation or coefficient of variation, (excluding the Honckenyetum peploidis of the beach) 
was lowest in the Deschampsia flexuosa community and the Carici-Empetretum (Table 6). 

Table 6. Characteristics of the vegetation and of soil pH of 12 plant communities in Mecklenburg-

Vorpommern. (n - number of samples, no - plant community number, t = dune type, # - total number 

of species, H’ - Shannon index, range minimun-maximum, SD - standard deviation, CV – coefficient of 

variation). 

plant community n vegetation soil pH 
 no t # H’ min max SD CV 
Honckenyetum peploidis 7 1 y 6 0.45 1.0 0.38 5.5
Honckenyo-Agropyretum juncei 8 2 y 6 0.73 1.7 0.62 8.7
Elymo-Ammophiletum typicum 18 3 y 6 0.73 2.3 0.62 9.3
Elymo-Ammophiletum festucetosum 21 4 y 12 1.11 4.3 0.91 13.9
Diantho-Festucetum polesicae 23 5 g 20 1.77 3.4 0.89 16.1
Caricetum arenariae 21 6 g 12 1.35 3.9 1.37 28.1
Violo-Corynephoretum typicum 12 7 g 12 1.07 3.6 0.96 16.5
Helichryso-Jasionetum typicum 12 8 g 16 1.42 2.3 0.73 12.1
Helichryso-Jasionetum cladonietosum 7 9 g 20 1.71 2.1 0.77 13.8
Violo-Corynephoretum cladonietosum 20 10 g 14 1.40 2.5 0.64 13.8
Deschampsia flexuosa community 3 11 b 11 1.52 0.3 0.15 3.9
Carici-Empetretum nigri 8 12 b 12 0.97 0.8 0.34 8.4
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The range between minimum and maximum soil pH reached highest values in the grey 
dunes, because of a linear decline in pH maximum and a nonlinear decline in pH minimum 
from the beach landwards (a). Soil pH of yellow and brown dunes was less heterogeneous 
than that of grey dunes. Considering the niche concept, these results show that increasing 
heterogeneity supports the coexistence of species and results in a higher number of species 
(Rosenzweig 1995).  

Moreover, there was a distinct relationship between soil pH variability, expressed 
as standard deviation or as variation coefficient, and the zonation of vegetation (b). Soil pH 
reached highest heterogeneity in the grey dunes, and lower values in the yellow and brown 
dunes. When considering species richness, the lowest number of species occurred on the 
first dune ridge (b). Landwards species richness increased and reached highest values in 
the grey dunes, while species richness declined in the Deschampsia flexuosa community 
and the Carici-Empetretum nigri of the brown dunes. 
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Figure 14. Relationships between parameters of the vegetation and of soil for 12 plant communities of 

dunes in Mecklenburg-Vorpommern. The vegetation zonation from the beach across the dunes system 

inland is reflected by the increasing community position (Table 6). (a) Relationship between pH 

(maximum and minimum) and community position, R²adj. (max) = 0.738, p < 0.001, R²adj. (min) = 

0.578, p = 0.008; (b) Relationship between the standard deviation of pH within each community and 

community position along the dune xeroseries, R²adj. = 0.677, p = 0.003; (c) Relationship between 

species richness and community position, R²adj. = 0.486, p = 0.020. 

3

4

5

6

7

8

9

0 1 2 3 4 5 6 7 8 9 10 11 12

p
H

 v
a

lu
e

pH-Max

pH-Min

0.0

0.2

0.4

0.6

0.8

1.0

1.2

1.4

0 1 2 3 4 5 6 7 8 9 10 11 12

p
H

 S
D

4

6

8

10

12

14

16

18

20

0 1 2 3 4 5 6 7 8 9 10 11 12

Plant community (no.)

N
o

. 
o

f 
s

p
e

c
ie

s



56 Species Diversity and Environment at Different Spatial Scales 
    

Furthermore, at the large scale, species diversity measured as Shannon index increased 
with soil pH variability (Figure 15). The greater the species diversity of vegetation, the 
greater the soil heterogeneity, with regard to soil pH.  

Figure 15. Relationship between the CV of soil pH and the Shannon Index, (H’) across dune plant 

communities of Mecklenburg-Vorpommern; for numbers of plant communities. Grasslands with 

dominant Deschampsia flexuosa and Carex arenaria were not considered (R²adj. = 0.57, p = 0.007). 

Soil pH heterogeneity was lower in areas with a high vegetation cover than in areas with 
more open vegetation, thus soil variability increases with decreasing vegetation cover. 
Open dune areas generate high soil pH variability because of the mosaic of vegetated and 
unvegetated areas, which is linked to the distribution of roots as well as organic matter in 
the soil (Jungerius 1990). In yellow dunes, due to missing organic matter, the sand is not 
water repellent, the soil is extremely permeable, and therefore rainwater penetrates the soil 
(Jungerius & Van der Meulen 1988, Jungerius & De Jong 1989). In contrast, grey and 
brown dunes, with some content of organic matter, are often strongly to extremely water 
repellent (Dekker & Jungerius 1990). Thus, yellow dunes with a low vegetation cover 
represent high soil pH variability, because minerals will be leached in open patches and 
will be less washed out by rain close to marram roots. The effect of individual plants on 
soil conditions and their spatial variability is well known (Jackson & Caldwell 1996, 
Tsegaye & Hill 1998) and the pH under grass-bulks is often lower than in the surrounding 
area (Jackson & Caldwell 1993, Schöttelndreier & Falkengren-Grerup 1999). Soil pH 
heterogeneity is lower in grey and brown dunes, especially in dunes with high vegetation 
cover, where minerals will be more fixed due to the organic matter and its water 
repellence. The results of the dunes confirm that soil heterogeneity is associated with the 
hummock-hollow-microtopography (Gibson 1988). Moreover, the large variability in soil 
pH in the dune slack shows that soil conditions of wet and dry dune areas differ very much 
and that wetland soils generally tend to be more heterogeneous than dry soils (Zeeb & 
Hemond 1998). 

Stands dominated by one or few species (and high vegetation cover) represent the 
lowest soil pH variability, probably because upper soil layers are very homogeneous. 
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Vegetation affects soil conditions, for example, due to effects of plant roots and organic 
matter. Thus, increased abundance of dominant species, combined with a decrease in 
vegetation diversity reduces soil heterogeneity. Soil pH variability increased with 
increasing species diversity, and in comparison to various other studies with scale. It 
decreased with increasing vegetation cover, so decreasing species diversity of vegetation is 
likely to explain decreasing variability in soil pH. Hence, spatial variability in soil pH in 
dunes is likely to be caused by the vegetation structure, both at small and at large scales. 

Nevertheless, heterogeneity in environmental factors contributes to the maintenance 
of diversity in plant communities (Ricklefs 1977, Grime 1979, Tilman 1982, Tilman & 
Pacala 1993, Palmer & White 1994). Soil heterogeneity increases available niches and 
results in increased species diversity, with vegetation reflecting changes in nutrient 
availability (Gough et al. 2000). The vegetation of yellow and brown dunes, both on 
Norderney and in Mecklenburg-Vorpommern, showed lower species richness and diversity 
than grey dunes. Similarly, Bogaert and Lemeur (1995) found the highest diversity in the 
Tortulo-Phleetum of the grey dunes and a lower diversity in the Elymo-Ammophiletum of 
the yellow dunes. Along the Baltic coast, species diversity tended to increase with 
increasing soil heterogeneity. However, at the small scale, species diversity expressed as 
Shannon index reached highest values at intermediate levels of soil pH variability. 
Similarly, at small scales, higher species richness in limestone pavement communities was 
associated with greater spatial heterogeneity in micro-site and soil depth variation (CV), 
and species richness was unimodal when related to mean soil depth (Lundholm & Larson 
2003). 

Species can differ profoundly in their ability to use soil resources (Jackson & 
Caldwell 1989), consequently the greater the amount of available resource-niches, the 
greater the species diversity. Thus, the results are in line with the often-proposed positive 
correlation between environmental variability and species richness (Jackson & Caldwell 
1993). It is possible that increased spatial heterogeneity allows increased species richness 
by creating more niches for additional species (Reynolds et al. 1997). As plants vary, for 
example, in germination and establishment responses linked to different small patches, 
stands with higher environmental heterogeneity would contain more species (Grubb 1977, 
Zamfir 2000, Lundholm & Larson 2003). Environmental heterogeneity results in resource 
partitioning and coexistence of competing species (Ricklefs 1977), and therefore 
environmental heterogeneity explains a major part of variation in species diversity. 

Coastal dunes represent, along both the German North and Baltic Sea, a similar 
vegetation zonation of plant communities, from the beach and the foredunes, across yellow 
dunes with Ammophila arenaria, grey dunes with Corynephorus canescens, to brown 
dunes with Empetrum nigrum heathlands. Sand dune vegetation is closely linked with soil 
development and, in general, soil pH decreased landward across dune ecosystems (Averiss 
& Skene 2001). Yellow dunes generally have a neutral or basic soil pH; grey dunes are 
moderately acid, whereas brown dunes have a highly acid soil reaction. On this scale, the 
vegetation affects soil development, for example, by building up organic matter. Variation 
in soil and the supply of base cations affects plant productivity and vegetation composition 
(Giesler et al. 1998). Soil pH, moisture, biomass, and productivity (Chapter 8.3.3.2) are 
very important factors for explaining species richness (Roem & Berendse 2000, Schaffers 
2002). As productivity, at least to some extent, depends on soil pH, it is assumed that there 
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are also relationships between species diversity and soil pH in nutrient poor stands such as 
dunes.  

 
Soil pH was measured, at a regional scale, along the Baltic Coast of Mecklenburg-
Vorpommern for various plant communities representing the above mentioned vegetation 
zonation across the dunes.  

Species richness (Figure 16) and diversity, expressed as Shannon diversity H’, were 
highest at intermediate levels of soil pH. These intermediate levels of soil pH were found 
in the grey dunes. Species richness and diversity was lower in more seaward yellow dunes, 
as well as more landward in the brown dunes. Similar results are shown for Mediterranean 
dune systems, where highest species richness occurs in the transitions zone from open to 
stabilised dunes (Acosta et al. 2009). 

 

 

Figure 16. Relationship between species richness and the corresponding mean soil pHKCl of the plant 

communities ( R²adj. = 0.615, p = 0.006). The vegetation zonation from the beach across the dune system 

inland is reflected by the increasing number of community position, whereas beach to typical yellow 

dune (1-3), various grey dune communities (4-10), and brown dunes with heath and dominant 

Deschampsia flexuosa grassland (11-12). 

In other ecosystems, for example, in tundra systems, soil pH may show a linear relation 
with species richness (Gough et al. 2000). Others found a linear increase in local species 
richness across various forest communities with mean Ellenberg indicator value R and 
slightly with indicator value L, so the higher the soil pH, the greater the number of species 
(up to a certain upper limit) (Willner et al. 2004). Another linear increase of species 
richness, as well as of species diversity, with increasing soil pH was shown for grasslands 
and heathlands (Roem & Berendse 2000). These linear relations can be explained by 
different patterns, e.g. scale-dependence, whereas at smaller scales unimodal relations 
predominate, at larger scales linear relations do. On the other hand, the relationship 
between vascular plant species richness and soil pH varies in different regions, whereas 
soil pH generally increases with latitude, the relationship between vascular plant species 
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richness and soil pH is often positive at high latitudes, for example, in Europe, and 
negative at low latitudes (Pärtel 2002). 

In view of the zonation of vegetation, grey dunes have the highest species diversity 
and the largest variability (Chapter 8.3.1) in soil pH, which is probably due to the 
environmental conditions along the dune xeroseries. Up to the yellow dune ridge, wind and 
sand movement is mostly very high. Furthermore, there occurs only a raw soil, the primary 
soil type of syrosem, without any organic matter. In comparison of the whole dune series, 
the foredunes and the yellow dunes are unfavourable habitats, because of the high sand 
dynamic, the higher soil and air salinity and the lower organic matter. With transition to 
the grey dunes, sand movement decreases and organic matter accumulates in the soil. For 
plants, the best soil conditions of the dune series are in the grey dunes, where the effects of 
the ecological factors are changed. Furthermore, in the grey dunes, the climatic conditions 
changed, and both soil and climate resulted in more favourable growth conditions for 
various plants (Carter 1988). Further landward in the brown dunes, dense heathlands with 
highly acid soil, due to high content of organic matter occur, allowing few species, such as 
Empetrum nigrum and Deschampsia flexuosa, to grow on these sites. Moreover, these 
species often build up dominant stands, so that the competition with smaller herbs, 
especially annuals, to strengthen. Similar results were shown for upper saltmarshes, where 
plant species diversity reached highest values in intermediate vegetation zones, and was 
positively correlated with phosphate availability (Theodose & Roths 1999). 

Thus, along an environmental gradient, such as the coastal dune series, intermediate 
environmental conditions of soil, as well as of climate, favour the establishment of various 
plant species so that species richness, as well as diversity, reached highest values. 

8.3.2 Disturbance 

Heterogeneity is often caused by landscape diversity, for example, due to geology and soil, 
but also by disturbances that increase the heterogeneity of the environment as well as the 
amount of available ecological niches, for example, in wetlands by flooding (Ricklefs 
1987). In general, disturbances eliminate species from an area and open that area for re-
colonisation (Petraitis et al. 1989). At small scales, disturbances are very unpredictable, 
while they are more predictable over larger areas (Huston 1994). Disturbance plays a major 
role in preserving species diversity in many ecosystems (Huston 1979, Walker & Peet 
1983, Denslow 1985), for example, mowing is considered as essential for maintaining high 
species diversity of grasslands (Olff & Bakker 1991, Geertsema & Sprangers 2002, 
Vestergaard 2008). In general, biotic and abiotic disturbances are important factors 
affecting community composition and structure, as well as biodiversity (Collins & Barber 
1985).  

Disturbance can be defined as any discrete event or process that removes biomass 
from a community (Grime 1979) and that disrupts ecosystem, community or population 
structure and changes resource availability or the physical environment (Hughes et al. 
2007). It can be qualified by different characteristics: type, intensity, frequency, spatial 
expansion, duration, and regional context (Collins 1987, Léveque & Mounolou 2004). 

Disturbances can be differentiated in abiotic types, such as volcanic eruption, 
extreme temperatures, drought, floods, fires, windstorm, erosion, and sand deposition. 
Furthermore, there are biotic types, such as tree falls, grazing, predation, burrowing 
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(Figure 17), digging, trampling, or agricultural activities like mowing of grasslands with 
removal of hay, and other anthropogenic activities (Huston 1994, Rosenzweig 1995, Shea 
et al. 2004). Changes in average temperature, addition or removal of nutrients and the 
invasion of exotic species could also be considered as disturbance, if it results in sudden 
removal of biomass (Huston 1994). In many cases, different disturbance types interact, 
such as fire and grazing (Kerby et al. 2007) and have in combination different effects than 
a single disturbance type. 

 

 
Figure 17. Small-scale disturbance by burrowing of a mouse. 

Disturbance effects vary with intensity, which is determined by the proportion of biomass 
that is removed by the specific disturbance event (Huston 1994). Sometimes the term 
‘intensity’ is synonymously used for the entire level of disturbance (Petraitis et al. 1989), 
which is defined as the combination of all components of the specific disturbance 
(intensity, frequency, spatial expansion, duration).  

Relations between disturbance and species diversity vary with scale and type of 
disturbance (Chaneton & Facelli 1991). For example, flooding declines diversity at patch 
scale but increases it in the case of grazing; and generally increases diversity at larger 
scales (Chaneton & Facelli 1991). Furthermore, the size of the disturbed area per 
disturbance event is of interest (Petraitis et al. 1989). Small disturbances disrupt 
equilibrium less because only few species and little biomass are removed (Collins & 
Barber 1985). Massive disturbances such as glaciations and volcanic eruptions destroy 
most of a habitat and may reduce species richness more or less completely (Rosenzweig 
1995). Massive disturbances have major influence on species diversity (Huston 1994), 
which is reflected, for example, by differences in species composition of trees in Europe 
and America due to glaciations. Vegetation re-establishment following disturbances 
depends on various factors, such as soil seed bank and colonisation probabilities across 
eventually large distances (Cain et al. 2000). Thus, the relation of the disturbed area to the 
entire area similar in ecological conditions is of interest, because the undisturbed habitat 
has the function to be the primary source for propagules of species for re-colonisation 
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(Huston 1994). Due to dispersal limitation (Tilman 1997), large disturbances could initiate 
the process of natural habitat fragmentation, which is one of the major threats to 
biodiversity (Kerby et al. 2007), but otherwise it could be the first step in initiating 
speciation and ultimately increase species richness. 

Disturbance events may take place as single or as regular events (Lévêque & 
Mounolou 2004). The rate at which disturbance of any given size occurs, the number of 
disturbance events per unit of time, i.e. the frequency, predicts to a large amount the effect 
on the site (Petraitis et al. 1989). Moreover, frequency can be expressed as the length of 
time since the last disturbance (Huston 1994). Usually the more often a patch is disturbed, 
the lower the species richness, but species richness is often also reduced at sides with very 
low disturbance rates (Rosenzweig 1995). Disturbance intensity is often inversely related 
to disturbance frequency. Low frequency disturbance can support the accumulation of 
biomass during the disturbance intervals, so that the amount of removed biomass, absolute 
and relative, in a single disturbance event is greater than in the case of frequent 
disturbances (Huston 1994). Disturbance frequency affects plant species composition and, 
for example, in coastal dunes of Cape Cod the seed bank was more similar to the 
aboveground vegetation in the case of frequent disturbance due to wash-over events, than 
in the case of rare disturbance (Pierce & Cowling 1991). 

The point in time of a disturbance can also determine which species will be more 
sensitive to damage, or whether the landscape will be more susceptible to disturbances, 
such as erosion, and which species are most able to re-establish into the disturbed area 
(Huston 1994). Therefore, disturbances in spring for example have different effects than 
disturbances in autumn (Huston 1994). 
 
The intermediate disturbance hypothesis (IDH) expresses that intermediate levels of 
disturbances maximise species diversity of a system (Grime 1973, 1979, Whittaker 1977, 
Connell 1978, Huston 1979). The pattern, that disturbance intensity as well as frequency at 
intermediate levels will maximise species richness, was shown at first by Connell (1978) 
for coral reefs, but the roots of the model extend back to Watt (1947), Hutchinson (1953, 
1961), and Grime (1973), among others. Disturbance such as grazing, mowing, burning, 
trampling, pollution (Trubina 2009), as well as fragmentation and invasion of exotic 
species can be interpreted as environmental stress, which was recognised early on to 
propose species richness under consideration of species competition (Grime 1973, Walker 
& Peet 1983, Wickham et al. 1997). Moreover, occurrence of competitive interactions 
changes highest species richness to environments with lower environmental severity (Xiao 
et al. 2009). 

The gradient of disturbance can be accessed as frequent to infrequent disturbance, 
soon to long after disturbance, large to small intensity, and large to smaller sized areas 
(Connell 1978, Huston 1979, Walker & Peet 1983, Denslow 1985, Rosenzweig 1995). 
There are many examples that species diversity is highest at intermediate levels of 

disturbance, with low diversity at both high and low frequency and intensity (Connell 
1978). For example, tree species richness reached highest values at intermediate 
disturbance levels in the case of tropical rain forests (Molino & Sabatier 2001). Due to 
different disturbance gradients, the IDH is probably most pronounced if all three aspects 
frequency, intensity, and time since disturbance are at intermediate level (Li et al. 2004). 
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In addition, using diversity indices, the intermediate disturbance-diversity relation varies, 
for example, Shannon-Wiener diversity and Pielou’s evenness fits the IDH model much 
more than total number of species (Li et al. 2004).  

However, there are difficulties, if using, for example, the proportion of pioneer 
species as a measure of disturbance, because when using the proportion of one species 
group in relation to total species richness there will be, in all cases, humped patterns due to 
statistical reasons (Arim & Barbosa 2002). Due to the recognition that disturbances are 
common in most communities, the IDH assumes that communities are in a non-

equilibrium stage and that high species diversity is the consequence of continuous 
fluctuations in the environment that prevents the ecosystem from reaching a stage of 
equilibrium over time (Hutchinson 1961, Connell 1978, Huston 1994, Rosenzweig 1995, 
Collins & Glenn 1997). The IDH pattern of highest species diversity under intermediate 
disturbance levels can be based on different underlying mechanisms of coexistence, but in 
general, disturbance changes niche opportunities available to the species in a system 
(Roxburgh et al. 2004, Shea et al. 2004). Changes in competition relations, spatial and 
temporal variability in resources and environmental conditions are some of these patterns. 
The IDH is probably an ecological mechanism, but it is necessary to define it as a complex 
of different coexistence mechanisms (Roxburgh et al. 2004). 

Effects of disturbance on species diversity vary with ecosystem (Huston 1994). For 
example, in South African fynbos, as well as in North American grasslands, high 
frequency burned sites have the highest, and intermediate the lowest species richness at 
different spatial scales (Schwilk et al. 1997). A linear decrease in species richness in the 
case of fire, from low to intermediate levels of fire frequency, was also shown in long-term 
experiments (Collins et al. 1995). The IDH is also valid for animals, e.g. intermediate time 
levels after disturbance (sand mining) maintain rodent species richness in coastal dunes of 
South Africa (Ferreira & Van Aarde 2000). 

Disturbance affects other ecological processes, in particular succession (Denslow 
1980, Tilman 1983, Glitzenstein et al. 1986). The progress of ecological succession 
following disturbance is based on the dynamics of immigration and extinction (Collins & 
Glenn 1997). In general, species richness directly after a disturbance event is reduced, 
especially regarding large scales, for example after burning (Brooks & Matchett 2003), and 
starts with the arrival of propagules of a few species in the open patch. Diversity is low 
because time for colonization is short. As the interval between disturbances increases, 
diversity will also increase at first, because more time is available for the establishment of 
more species. In addition, it was shown, that at low disturbance levels, there is a linear 
increase in diversity with decreasing disturbance (Bruno et al. 2004). As frequency 
declines further, and in general, at lower disturbance levels, diversity will decline because 
competitively dominant species occupy resources, increase interspecific competition and 
eliminate other species with weaker competition (Grime 1973, 1979, Connell 1978, 
Petraitis et al. 1989). Disturbances thus create heterogeneous environments and can 
suppress dominants.  

In contrast, generally increased disturbance levels i.e. too harsh, too common, very 
frequent, or intense disturbances, eliminate most species, and only few species that are 
resistant to the disruption, often colonising species, with short life cycles such as annuals, 
are able to establish and persist. Thus, at intermediate disturbance frequency or intensity, 
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diversity of plant species reaches highest values (Grubb 1977, Connell 1978, Brown 1988, 
Petraitis et al. 1989, Rogers 1993, Collins et al. 1995, Rosenzweig 1995, Léveque & 
Mounolou 2004). 

Disturbances are creating open patches for plant establishment and therefore initiate 
secondary successions at different scale and are an important pattern in relation to 
community structure and dynamics (Shmida & Ellner 1984), as well as in relation to dune 
landscape heterogeneity (Povilanskas et al. 2009). Re-establishment of vegetation can be 
very fast, such as in fynbos vegetation, where after fire and shrub cutting all dominants and 
more than 60 % of the mature fynbos species re-established after few years (Cowling & 
Pierce 1988). Succession dynamics depend on disturbance intensity, frequency and 
disturbance type in relation to life history traits of the species pool, for example, dispersal 
capacity (Denslow 1980, Lévêque & Mounolou 2004). Succession after disturbance 
generates a mosaic of patches in different successional stages, because it is a function of 
differential growth rates and survivorship among early and late successional species 
(Collins et al. 1995). Vegetation may remain in an earlier succession stage for a long time 
after a relatively high disturbance frequency, often with highest species diversity during 
earlier successional stages, due to dependence on the environmental conditions of the 
ecosystem. At low disturbance levels late successional stages dominate. In-between there 
is a mixture of various intermediate succession stages, resulting in high species diversity. 
Thus, a unimodal diversity-disturbance relation occurs, when early and late successional 
stages are separated by long-lived intermediate successional stages (Johst & Huth 2005, 
Pierce et al. 2007).  

Species traits, such as long dispersal and the ability to survive in a dormant stage, 
allow early-successional species to survive in communities with low disturbance 
frequencies and to germinate in open patches after disturbance (Huston 1994), in line with 
the concept of r- versus K-selection (MacArthur & Wilson 1967, Grime 1974). Thus many 
plant species have a more successful seedling establishment in areas with small open 
patches disturbed e.g. by ants and rabbits, for example, Corynephorus canescens, Spergula 

morisonii and Teesdalia nudicaulis in dry sandy grasslands (Jentsch et al. 2002). 
Composition of different functional groups varies with area disturbed (Schippers & Joenje 
2002); this was also shown for dunes, whereas different functional groups of plants are 
related to disturbances by natural sand dynamic (García-Mora et al. 1999). 

Relations between diversity and disturbance depend on various factors, for 
example, on species composition, on landscape heterogeneity and on the level of 
productivity (Huston 1979, 1994, Cardinale & Palmer 2002, Hughes et al. 2007). In 
general, the higher the productivity, the more infrequent disturbance events are, due to 
enhanced stability of the system. Thus, disturbance is the opposite of stability. However, 
disturbance and productivity correlate at lower to middle productivities, but not at higher 
levels of productivity (Rosenzweig & Abramsky 1993). 

8.3.2.1 Human Trampling (Example VII) 

Trampling by animals, as well as by humans, is one type of biotic disturbance. Intensive 
human trampling occurs, for example, in coastal dunes due to recreation. Dunes are 
especially susceptible to trampling in comparison to other terrestrial vegetation, because of 
the extremely low soil penetration resistance of sand (Davenport & Davenport 2006). This 
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results in compaction of sand, initiation of mobile sand and erosion, as well as having an 
effect on the vegetation (Doody 2001). Relationships between trampling and species 
richness are similar to other disturbance types, often being in line with the intermediate 
disturbance hypothesis. In contrast, there are examples where species richness declined at 
various trampling levels (McDonnell 1981). When trampling intensity or frequency is too 
high, species richness and species diversity show, in most cases, negative linear 
relationships (McDonnell 1981, Vogt Andersen 1995, Ikeda 2003). Once the vegetation 
cover has been severely removed, the recovery rate is very slow, because increasing 
vegetation removal mobilises the sand more and more, resulting in difficulties for seedling 
establishment (Pizzey 1975), for example, due to changes in micro-climate. Decline in the 
number of therophytes was also shown in other climatic regions (Kutiel et al. 2000). 
Moreover, trampling vulnerability for various vegetation types increases with primary 
productivity (Liddle 1975). Trampling effects on dune vegetation vary with dune type, 
mobile dunes with natural high sand dynamic are less sensitive to trampling than, for 
example, semi-fixed grey dunes (Lemauviel & Rozé 2003). 

Trampling in coastal dunes was analysed by the comparison of an area still used as 
camping-ground, an area formerly used as camping-ground and an area protected as a 
nature reserve (Isermann & Krisch 1995). All sites are directly neighboured. Vegetation 
relevés along transects across the dunes were used to describe vegetation structure and 
species diversity in relation to the different trampling levels. 

The total number of plant species reached a value of 67, and was highest at the 
protected area. At the camping-ground, the disturbance level (intensity and frequency) was 
too high, so only 29 species occurred. At the ex-camping ground area, the time after 
disturbance was probably too short for regeneration of semi-natural vegetation, thus the 
number of species was similar to the area used as camping-ground and reached 34 species. 

 

Figure 18. Percentage of life-forms (hemicryptophytes, geophytes, bryophytes and lichens) in 

neighbouring areas of a camping-ground, a former camping-ground, and a protected area in a nature 

reserve (results based on Isermann & Krisch 1995). 
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More pronounced were the differences regarding the percentage of life-forms that vary 
along the trampling gradient (Figure 18). The proportion of geophytes increased with 
trampling intensity; due to species traits, e.g. rhizomes support resistance to trampling. 
Bryophytes and lichens only play a role in the undisturbed area, because they are not 
resistant to sand movement. Hemicryptophytes reached highest values at intermediate 
levels of trampling, probably because dunes are less mobile at these sites, than at the 
camping-ground, and are not yet so fixed, due to dense vegetation, than at the protected 
area. Semi-fixed dunes, which represent a transitory dynamic stage usually with highest 
species richness (Chapter 8.3.1), are supported by moderate levels of sand burial. Thus in 
fixed dunes, low disturbances maintain species richness and species diversity, while heavy 
ones create serious damage (Lemauviel et al. 2003). 

The variation of trampling effects in relation to life-forms was also shown for 
Danish dunes (Vogt Andersen 1995), where in contrast to our results species richness of 
therophytes, hemicryptophytes, and geophytes showed indifferent effects (Vogt Andersen 
1995). Effects of human trampling in coastal dune areas are especially enhanced at paths 
and tracks. Across a path, from inland to the beach, the area of human impact generally 
gets broader nearer to the beach. As the number of paths per region gets larger, driftline 
and dunes will be more and more effected by fragmentation, and regions with natural 
vegetation will be destroyed (Isermann 1999). 

8.3.2.2 Grazing (Example VIII) 

Isermann M, Koehler H, Mühl M (2009) Interactive effects of rabbit grazing and 

environmental factors on plant species richness on dunes of Norderney. Journal of Coastal 

Conservation, Planning and Management DOI: 10.1007/s11852-009-0056-9. 

Grazing, representing another biotic disturbance type and can be divided in relation to the 
size of the animal, e.g. large, or small herbivores, to the type of the animal, e.g. 
invertebrates or vertebrates, especially mammals. Grazing varies with the status of the 
animal, for example, cattle or wild animals, as well as differing in relation to the 
combination of different grazing animals, e.g. geese, hares and cattle in salt marshes 
(Kuijper & Bakker 2005). Herbivory, especially by large animals, creates spatial and 
temporal heterogeneous environments, for example, in accordance to nutrient distribution, 
preferences for plants and trampling (Adler 2001, Anderson et al. 2004). 

In coastal dunes, beside sand dynamic, one of the main factors for plant species 
diversity is herbivory and in addition to domestic livestock, wild rabbits have been the 
most important herbivores over centuries (Doody 2001). In the last century, land-use has 
changed and grazing by domestic stock has declined. The decline in grazing, as well as 
other environmental changes, such as groundwater catchments and atmospheric 
eutrophication, has changed dune vegetation (Van der Hagen et al. 2008). Grazing for 
conservation aspects often is used to reduce the increase of biomass by nutrient deposition, 
but in dunes it was shown that grazing only partly mitigate the negative effects (Plassmann 
et al. 2009). Moreover, there have been cyclic changes in population density of wild 
rabbits during the last 150 years, because of varying hunting intensity and diseases, such as 
myxomatosis and rabbit-haemorrhagic disease (Drees 2004). In the 1990s, the rabbit 
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population on the Frisian Islands collapsed and has subsequently stabilised at a lower level 
since 2003 (Drees 2007). In relation to changes in land-use and herbivory, tall and dense 
grasslands, as well as shrublands extended. In contrast, there has been a decline in open, 
species-rich vegetation (Isermann & Cordes 1992), for example, lichen-rich grasslands 
(Ketner-Oostra et al. 2006), which often represent priority habitat types of the European 
Fauna Flora Habitat Directive 92/43/EEC (Council of the European Commission 1992). 

To investigate effects of rabbits on species diversity in coastal dunes, the vegetation 
of fenced and unfenced plots were compared. This study only included the intensity of 
disturbance – not the frequency. Rabbit grazing pressure was estimated indirectly by 
counting the faecal pellets. It was shown that grazing pressure varied in relation to the 
vegetation type of the dunes. Usually, grazing pressure varies in different vegetation types 
of salt marshes and consumption by herbivores, for example, of geese and hares, was 
highest at intermediate productivity levels (Kuijper & Bakker 2005). Rabbit pressure varies 
in relation to the vegetation type, probably due to palability of plants, especially to the 
preference of plants with the highest nutritional quality (Somers et al. 2008). Forage 
quality and resulting preference by large herbivores, for example, supported the seed 
dispersal of salt-marsh species more than the dispersal of dune species (Bakker et al. 
2008). Hence, grazing influence on species-composition is also due to dispersal processes. 
Since rabbit’s activities are mostly in the area surrounding of their burrows, rabbit pressure 
also differs in relation to burrow digging possibilities. To compare grazing effects in 
different vegetation types, differences in the number of plant species between grazed and 
ungrazed plots were calculated.  

Species richness in general tended to be slightly higher in grazed plots. However, 
due to food preferences of the rabbits and adaptations against herbivores, species richness 
of herbs and bryophytes was higher, that of grasses was lower and species richness of 
shrubs and trees was clearly reduced in grazed plots. 

Total species richness, as well as the number of herbs, showed a humped-back 
relation with increasing grazing pressure. The total number of plant species, and more 
clearly the number of herbs, increased at first with increasing number of pellets and 
showed the highest species richness at intermediate numbers of pellets (Figure 19). Thus, 
highest values of species richness, in this case especially of herbs and chamaephytes, were 
reached at intermediate grazing pressure.  

As in this study, the phenomenon of the intermediate disturbance theory was 
generally found in other grazed grasslands (Tansley 1939, Zeevalking & Fresco 1977, 
Gibson & Brown 1991, Tallowin et al. 2005). In arid regions, highest species diversity for 
example is reached in areas with moderate grazing of camels in combination with small 
antelopes (El-Keblawy 2009). Moreover, highest species diversity under low and 
intermediate grazing pressure was observed not only for plants, but also for butterflies and 
grasshoppers (Dumont et al. 2009). The intermediate disturbance hypothesis is closely 
related to aspects of heterogeneity. To some extent, grazing and other activities of rabbits 
increase species diversity due to increasing habitat diversity (Collins & Barber 1985). 
Grazing and other activities, for example, of rabbits create open patches. The increased 
sand dynamics contribute to a heterogeneous, dynamic landscape (Doody 2001) with 
higher species diversity. Grazing often causes an increase in spatial heterogeneity, but in 
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other examples heterogeneity decreases, this depends on the interaction between the spatial 
pattern of grazing and the pre-existing spatial pattern of vegetation (Adler et al. 2001). 

 

Figure 19. Relationships between the number of pellets and the difference in the number of herbs 

between grazed and ungrazed plots. Differences was measured as grazed (G) – ungrazed (UG) plots. 

(R
2
adj. = 0.40, p = 0.093). 

Effects of different disturbance types vary, often various disturbance types interact and 
cumulative effects of different disturbance types are possible (Collins & Barber 1985, 
Collins 1987). Fire, grazing and soil disturbance by animals are important factors in 
maintaining species diversity in many different grassland systems (Burggraaf-van Nierop 
& Van der Meijden 1984, Belsky 1992). However, due to interactions, the IDH cannot 
address the various interactions among disturbances in communities with more complex 
disturbance regimes (Collins 1987). 

Grazing affects, for example, dunes grasses and generally reduces vegetation cover, 
in principal species with relatively high moisture content are more grazed (Hester et al. 
1994). In more detail, in more or less closed vegetation, like shrub- and heathlands, rabbit 
activities creates new bare patches, that can be used e.g. by light demanding annuals.  

Similarly, sheep change dominance relationships between Calluna vulgaris 
heathlands and the invasion of Deschampsia flexuosa (Farrow 1917, Bokdam 2001). In 
more open vegetation, like grey dune swards, rabbit pressure appears to be too high and 
therophytes were out-competed or eliminated by grazing probably due to sand dynamic, 
high-temperatures and reduced germination. Similarly, annual species richness was highest 
in intermediate grazing levels in open shrubland in Israel (Naveh & Whittaker 1979). 
Comparable with our results, in grasslands grazing resulted in changing abundances of 
monocots and dicots favoured by grazing (Belsky 1992, Somodi et al. 2004). In the case of 
too strong grazing pressure, the total number of plant species, as well as of herbs, declined. 
Therefore, strong grazing pressure is a factor that reduces species richness and changes 
native plant communities (Chapuis et al. 2004). Moreover, input of nitrogen e.g. by rabbit 
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excrements could cause a decline in species richness (Boorman & Fuller 1982), at high 
grazing levels.  
Relations between diversity and grazing vary in relation to macroclimate (Milchunas et al. 
1988) and represent a unimodal relation, as in the dune example shown, in sub-humid 
climates, such as the Netherlands (Van Wieren & Bakker 2008). 

In contrast to the humped relationship of the number of species, floristic similarity 
between ungrazed and grazed plots, measured as difference in Euclidian distance, showed 
an increasing linear trend with rabbit grazing pressure in dunes. However, it is not 
surprising that the greater the grazing pressure, the more different the grazed and ungrazed 
vegetation are. 

In rabbit-grazed coastal dunes, species diversity measured as evenness tended to be 
lower in grazed plots; hence, species composition is more heterogeneous in the grazed 
plots than in the ungrazed ones. In vegetation dominated by few species such as shrub- and 
heathlands, the dominance level measured as inverse Simpson index was lower in the 
grazed plots. In contrast, in grasslands the dominance relations tended to be larger in 
grazed plots, probably because some life and growth forms with stronger competition 
effort, such as grasses in general, out-compete species like herbs with other traits. For 
example, it was shown that clonal species are more tolerant to grazing than non-clonal 
species (Liu et al. 2007). Thus, rabbit grazing affects, as well the dominance structure of 
dune vegetation, also depend on the habitat type. In addition, moderate grazing intensity 
also enhanced diversity of butterflies and grasshoppers at grasslands (De Vries et al. 2007). 

Effects of grazing on species richness and species diversity vary not only in 
different habitat type but are also scale- and time-dependent (Bos et al. 2002, Olofsson et 
al. 2007). Rabbit grazing enhanced species richness at different plot sizes, but the 
mechanisms involved at different scales vary (Olofsson et al. 2008). In relation to time, 
obvious reduction in grazing results in the first years of succession, often with an increase 
in species richness and diversity (Van der Maarel 1971, Van Leeuwen & Van der Maarel 
1971). Nevertheless, in the end, species diversity decreases without disturbance, because of 
the development towards dynamic equilibrium (Chapter 7.1). During succession, for 
example, over a time of 25 years in salt marsh exclosures, species richness decreased (Bos 
et al. 2002). Similarly, species richness declined during 15 years succession in mountain 
grasslands of Argentina (Pucheta et al. 1998).  

For conservation of semi-fixed dunes, which represent a transitory dynamic stage, 
sand burial e.g., initiated by rabbit scraping, is favourable (Lemauviel et al. 2003). 
Moderate grazing or other disturbances like trampling in dry dune grasslands support open 
areas, allowing pioneer species such as annuals to develop, and reduce competition of 
dominant species, typical of later successional stages (Zeevalking & Fresco 1977, Doody 
1989, Lemauviel et al. 2003). To prevent or reduce succession and preserve local plant 
species richness, moderate cattle grazing can be an effective substitute for rabbits 
(Aptroot et al. 2007). For example, total species richness in coastal dunes increased after 
the introduction of horses and cows (De Bonte et al. 1999). Grazing may enhance resource 
availability for plants, the resource availability hypothesis (Chapter 8.3.3), and is linked 
e.g. to the increase of gaps by trampling and scraping and to the increase in light 
availability by the decline of biomass (Grime 1979, Bakker et al. 2003).  
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Effects of cattle are different according to selective defoliation, which modifies the 
competition between plant species, both by direct removal of phytomass and by changing 
the light conditions. Moreover, a second mechanism is treading which creates gaps for 
light-demanding species and a third mechanism is the change of the nutrient cycle and 
probably local enrichment of nutrients (Rook & Tallowin 2003). Cattle such as donkeys, 
koniks and sheep were often used for the management of coastal dune grassland (Cosyns et 
al. 2001). Especially in relation to the spreading of Rosa species, Rubus caesius, as well as 
Hippophaë rhamnoides (Figure 20), donkeys were of interest because they feed on the 
fruits (Lamoot et al. 2005). Cattle, such as horses, also affect the vegetation cover and 
support open vegetation (De Stoppelaire et al. 2004).  

 

 
Figure 20. Hippophaë rhamnoides. 

Similar to temperate regions, in the Mediterranean area, protection of natural areas has 
often caused traditional grazing to stop. Furthermore, e.g. on the Iberian Peninsula, rabbits 
were abundant until the 1950s, and due to diseases similar on the Frisian Islands, there was 
a decline to very low levels (Catalán et al. 2008, Delibes-Mateos et al. 2008, Dellafiore et 
al. 2008). Resultant loss of biodiversity was related to a change from grassland and 
grassland-shrubland mosaic to expanded and denser shrubland. Thus, also in the 
Mediterranean, controlled grazing of sheep and goats maintain species diversity up to 
landscape diversity (Verdú et al. 2000, Catalán et al. 2008, Delibes-Mateos et al. 2008, 
Dellafiore et al. 2008). Moreover, moderate grazing of large herbivores also maintain 
species diversity in the long run (over 55 years) in short-grass steppes in the USA (Hart 
2001). In North American tall-grass prairie, for example, bison grazing increases resource 
availability such as light. High spatial heterogeneity in light and increased species turnover 
in grazed grassland is associated with enhanced plant species richness. Therefore, creation 
of a mosaic of patches with high and low biomass and the support of a dynamic species 
pool are the most important mechanisms by which grazers affect species richness in high 
productivity grasslands (Bakker et al. 2003). 
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8.3.2.3 Shrub Expansion and Grazing (Example IX) 

Isermann M, Diekmann M, Heemann S (2007) Effects of the expansion by Hippophaë 

rhamnoides on plant species richness in coastal dunes. Applied Vegetation Science 10, 33-

42. 

The Wadden Sea Islands, Spiekeroog, devoid of rabbits for many decades, and Norderney, 
inhabited by a dense rabbit population, were compared according to shrub expansion, 
species diversity and rabbit grazing effects. Plots, 16 m² in size with Hippophaë 

rhamnoides (Figure 20) and the nearest neighbouring plot without shrubs were 
investigated. 
 

Figure 21. Relationship between the difference in the number of herbaceous species between shrubland 

and grassland plots and the cover of Hippophaë rhamnoides analysed separately for Spiekeroog (above, 

R²adj. = 0.41, p = 0.001, n = 24) and Norderney (below, R²adj. = 0.38, p = 0.022, n = 15).  

Total species richness was marginally related in a humped-back relation to the cover of 
Hippophaë rhamnoides on both islands. The humped-back relationship was greatly 
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improved, using the difference in number of species between neighboured shrubland and 
grassland plots (Figure 21).  

Using the differences in the number of species, species richness was highest at 
moderate levels of shrub expansion, while it was much reduced in very dense shrublands. 
Thus, a moderate level of shrub encroachment can be accompanied by an increase in 
species richness (Rejmánek & Rosén 1988), indicating that the extent of shrub expansion 
has to be taken into account. The results for shrub expansion in coastal dunes confirm that 
there is an interaction between disturbance and rate of competitive exclusion (Huston 
1979). Similarly, competition of dominant shrubs in first dune-ridges can be reduced by 
other disturbances such as wash-over events, maintaining species richness (Stallins 2002). 
 

 

 

Figure 22. Effect of the abundance of Hippophaë rhamnoides on the number of grassland and 

shrubland species on Spiekeroog (above, grassland spp. R²adj. = 0.30, p = 0.001, shrubland spp.  

R²adj. = 0.07, p = 0.089, n = 30) and Norderney (below, grassland spp. R²adj. = 0.31, p = 0.014, shrubland 

spp. R²adj. = 0.02, p = 0.249, n = 21). 
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Disturbance effects maximising species richness depend on growth rate and hence on 
competitive exclusion by the dominants (Huston 1979, Walker & Peet 1983). In addition, 
for dunes of the East Frisian Islands, it was shown, according to richness of herbaceous 
species, that species richness - shrub expansion relation matches the intermediate 
disturbance hypothesis (see above). The decrease in the total number of species is due to 
the decline in grassland species typical of open dunes, especially due to shading effects. 
This decline is not compensated by the simultaneous, but only slight, increase in typical 
shrubland species (Figure 22).  

However, the relation between shrub expansion and species richness is affected by 
grazing, e.g. by rabbits. In an ecosystem without rabbit grazing, there is a linear decline in 
the number of grasslands species. In contrast, with rabbit grazing there was a humped-back 
relationship between shrub cover and number of grassland species (Figure 22). It is 
probable that dune grassland species suffer a weaker rabbit grazing pressure in close 
proximity to moderate dense shrubs. Moreover, because of the sparse growth form of 
Hippophaë rhamnoides, grassland species are likely to remain in the gaps. Grazing 
changes competition between species (Belsky 1992) and species, such as typical dune 
grassland species, were probably favoured and not outcompeted by shading due to shrub 
expansion. Hence, moderate grazing e.g. by rabbits can reduce the decline in species 
richness caused by shrub spreading.  

To conclude, moderate disturbances in coastal dunes can enhance species richness 
as well as species diversity. Therefore, in most dune grasslands management, such as 
moderate grazing or mowing, maintains high plant species richness. These disturbances 
keep the grasslands open, and enable the establishment of small, light-demanding species 
and exclude or suppress large, potentially dominant ones such as tall grasses (Rejmánek & 
Rosén 1988, Provoost et al. 2002, Bellingham & Coomes 2003). 

8.3.3 Resource Availability, Competition and Productivity 

Available resources limit local species richness (Anderson et al. 2004). The relations 
between the total amounts of available resources, representing the available energy in a 
system, and species richness are described as species-energy theory (Wright 1983, Currie 
1991). Essential resources for plants are, for example, nutrients and space, whereas the 
amount of open sites reflects the limitation of light (Tilman 1983). One classic example is 
the limitation by space available for sessile organisms on rocky shores (Connell 1961). 

In an equilibrium model, species richness is mostly low in resource-poor 

environments, where limitation occurs mostly due to low levels of nutrients. Only few 
species can exist in such unfavourable habitats (Tilman 1982, 1986, 1993). Although, 
unfavourable environments often contain species more flexible in their requirements, with 
a wider range of ecological niches, some habitat types probably contain fewer niches and 
thus fewer species (Pielou 1975). In many plant communities, species richness is higher at 
the local scale in relatively nutrient-poor habitats and lower in sites very poor or richer in 
nutrients (Huston 1979). The addition of nutrients beyond a certain level often results in a 
decrease in species richness (Tilman 1983). 

An example of distinct changes in species-composition, due to increased inputs of 
air-borne nutrients, particularly N and P, during the last decades, reflects the increased 
dominance of grasses such Calamagrostis epigejos, Carex arenaria, as well as 
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Deschampsia flexuosa in dunes, combined with a loss of herbaceous species in calcareous 
grasslands (Van den Berg et al. 2005). An increase in productivity of grasslands, as well as 
heathlands, combined with the intensity of light competition favours fast growing grasses, 
which out-compete slower growing herbs (Bobbink 1991).   

The relationship between species richness and resources e.g. soil fertility, is often 
humped-back, with maximum species richness, as well as species diversity, being reached 
on soils of intermediate fertility (Grime 1973, 1979, Al-Mufti et al. 1977, Tilman 1982, 
Pausas & Austin 2001). Species richness reached highest values on sites where dominant 
plant growth is limited by resources and where environmental stress is relatively low 
(Grime 1979, Tilman 1982). Highest species richness at intermediate resource levels can 
be explained by species complementarity, i.e. resource specialisation among coexisting 
species (Herbert et al. 2004). Many species can coexist due to different resource use. 
Complementarity could exist in space, e.g. differences in rooting depths, in time, e.g. 
differences in phenology and in type, e.g. differences in resource requirements (Hooper & 
Vitousek 1997, McKane et al. 2002, Dybzinski et al. 2008). The higher the level of 
resource partitioning the higher the number of species that are able to co-exit (McKane et 
al. 2002). The more species there are in a local assemblage, the greater the pressure on 
resource exploitation (Tilman & Lehman 2001, Gaston & Spicer 2004). Due to 
phenomenon of high levels of species richness at relatively nutrient-poor sites, the species-
maximum is often moved to the left. According to species complementarity, at 
intermediate resource level many generalists will probably co-occur; whereas specialists 
should co-occur with relatively few species, and are more adapted to special resource 
situations, probably at the ends of the gradient (Crawley 1997, Fridley et al. 2007).  

In addition, spatial heterogeneity (Chapter 8.3) in resource availability increases 
species richness, thus the species-maximum reaches higher values the greater the spatial 
heterogeneity of the habitat (Tilman 1993, Gaston & Spicer 2004). In a spatially 
homogeneous habitat only one species per limiting resource can occur, in turn in spatially 
heterogeneous habitats many species can coexist (Tilman 1993). Heterogeneous landscapes 
(Chapter 7.2) can result in resource patchiness, therefore species, due to their requirements, 
cannot grow everywhere. In contrast, homogeneous landscapes allow species to grow at 
any place, unless biotic competition is in place (Weitz & Rothman 2003). Moreover, the 
relationship between resources and species richness varies with scale, from a unimodal 

relationship at small scales to a linear increasing relationship at large scale e.g. 
continents (Schulze & Mooney 1993, Loreau et al. 2001). Regarding conservation aspects, 
reduction of soil nutrients appears to promote and sustain species-rich vegetation, whereas 
the level of nutrients limiting growth of more dominant species is often more or less 
unclear (Loreau et al. 2001). 

In general, at high levels of available resources, only few, but dominant species 
occur due to their success at competing for limiting resources (Al-Mufti et al. 1977, Gaston 
& Spicer 2004). Low species richness, e.g. on nutrient rich sites, is often the result of 
competitive exclusion by few species and declining light availability (Herbert et al. 2004). 

Competition is defined as the interaction between individuals, with reduced fitness 
of one of both (Begon et al. 2006). It represents, at local scales, one of the most 
pronounced factors predicting species diversity (Ricklefs 2005). Competition can be 
divided into two types. Intraspecific competition is competition between individuals of 
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the same species. Interspecific competition is the competition between individuals 
belonging to different species, over the use of limited resources (Lévêque & Mounolou 
2004, Begon et al. 2006).  

Success in competition may be measured as productivity or its substitutes, such as 
biomass or plant cover, more generally, it is measured with different fitness patterns. The 
principle of competitive exclusion (Lotka 1925, Volterra 1926) assumes that two species 
with similar ecological requirements cannot coexist over long periods in a stable 
environment. Thus, strong competitors may cause a decline in the growth, survival or 
fertility of other species of the assemblage that are less competitive (Lévêque & Mounolou 
2004).  

Strong competitors, often dominants, build up large amounts of phytomass and 
may therefore affect the environmental conditions of the ecosystem more than other 
species (Whittaker 1965). In general, increased nutrient supply supports the growth of 
dominant species (Herbert et al. 2004). Dominance of a species is enhanced due to the use 
of the most available soil nitrogen resources, which was shown, for example, in tundra 
vegetation in Alaska (McKane et al. 2002). The dominance of species results in the 
competitive exclusion of other species in a low species diversity. Furthermore, competition 
is a driver of successional replacement (Chapter 9.2) of species (Herbert et al. 2004).  

High species richness depends on the coexistence of species, thus there must be 
mechanisms that reduce competition. Competition declines, for example, with disturbance 
(Chapter 8.3.2) creating micro-sites, increasing, for example, the number of seedlings, 
resulting in enhanced species diversity (Huston 1979, Zobel et al. 2000, Snyder & Chesson 
2004). An increase in resource partitioning or niche differentiation (Chapter 8.3.3) 
declines competition too. 

8.3.3.1 Light Effects (Examples X, XI, XII, XIII) 

Bryophyte Richness and Light Conditions (Example X) 

Isermann M (2007) Diversity of bryophytes in an urban area of NW Germany. Lindbergia 

32, 75-81.  

At the Campus of the University of Bremen, environmental conditions expressed as 
indicator values (Düll 1991) were used to estimate the relative importance of 
environmental gradients for bryophytes diversity. The bryophyte communities on the 
Campus reflected an environmental gradient from acid to neutral-slightly basic substrate 
pH. Along this gradient, temperature increased and water content decreased. 
 
Bryophyte diversity expressed as Shannon index was, considering habitats of soft- and 
hard substrate of the University Campus, highest at intermediate levels of light 

availability (Figure 23). Furthermore, regarding only the soft-substrates, highest species 
richness was also reached at intermediate levels of water content. In addition, species 
diversity was not significantly related to other indicator values. 
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Figure 23. Relationship between bryophyte richness, measured as Shannon index, and light availability 

(ranked weighted indicator values), that was highest at intermediate levels of light availability for all 

plots (R²adj. = 0.22, p = 0.044). Environmental conditions measured as indicator values were ranked. 

Significant better value of unimodal relation was tested with stepwise backward regression. 

Species diversity often reached highest values at intermediate levels of environmental 
gradients (Chapter 8.3.3). At intermediate levels of light availability, most bryophytes are 
able to grow if competition with vascular plants, e.g. due to non-favourableness of the 
habitat, is reduced. The vertical gradient of light availability and its horizontal variation, 
reflecting a shifting gap mosaic, plays a key role in relation to coexistence of plants 
(Kohyama 1997). The combination of radiation and moisture is probably optimal for 
bryophytes at intermediate light availability, so highest bryophyte resource efficiency 
exists (Bergamini et al. 2001). This unimodal relation is probably more pronounced in 
urban areas, while in rural areas more generalist occurs. The results indicate that many 
common bryophytes preferred both intermediate light intensities, as well as substrate 
moisture levels (Futamura & Wheelwright 2000). Moreover, light availability is probably 
more important in the case of bryophytes in comparison to vascular plants, of which the 
growth along productivity gradients may also be affected, for example, by nitrogen (Van 
der Wal et al. 2005). But generally, bryophyte species have different growth conditions in 
relation to light availability, and biomass can reach high values under different light 
conditions (Van der Wal et al. 2005), which is related to the habitat diversity pattern 
(Chapter 8.3). Therefore, this example is in line with common patterns that highest species 
diversity will be found at intermediate levels of environmental gradients, particularly at 
small scales. 
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Shrub Expansion and Decline of Light Availability (Examples XI, XII, 

XIII) 

Isermann M, Friedrichs L, Grave C, Wagner A (2005) Species richness in Sea-Buckthorn 

scrub. In: Herrier J-L, Mees J, Salman A, Van Nieuwenhuyse H, Dobbelaere I (eds.) 

Dunes and Estuaries. Nature restoration practices in European coastal habitats. Koksijde, 

Belgium, pp. 597-600. 

Isermann M (2007) Effects of Rosa rugosa invasion in different coastal dune vegetation 

types. In: Tokarska-Guzik B, Brock J-H, Brundu G, Child L, Daehler CC, Pyšek P (eds.) 

Plant Invasions: Human perception, ecological impacts and management. Backhuys 

Publishers, Leiden, The Netherlands, pp. 289-306. 

Isermann M (2008b) Expansion of Rosa rugosa and Hippophaë rhamnoides in coastal 

grey dunes: effects at different spatial scales. Flora 203, 273-280. 

In many coastal dune areas of northwestern Europe, scrub, such as Hippophaë rhamnoides 
and Rosa rugosa, is currently spreading and shrubs are increasing in abundance, due to 
changing landuse during the last two centuries. Initially shrubs were mainly planted for 
sand stabilisation, coastal protection and as ornamental plants. Changing landuse includes 
patterns such as stabilisation of dunes by planting marram (Ammophila arenaria) and a 
reduction in grazing by cattle and rabbits (Fuller & Boorman 1977). In dune areas many 
regionally rare plants are found (Dunwiddie 1997), hence the expansion of densely 
growing shrub species might be a serious threat. 

Figure 24. Decline in the cover of mosses and lichens with shrub cover of Hippophaë rhamnoides in 

coastal dunes on the islands Schiermonnikoog, NL (R²adj. = 0.421, p = 0.001). 

To investigate effects of shrub expansion on other species, at small scale, the expansion of 
Hippophaë rhamnoides, growing in yellow and grey dunes of the Dutch island 
Schiermonnikoog was related to species richness.  
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The total species richness declined linearly with increasing shrub cover (R²adj. = 0.226,  
p = 0.017). Although the overall number of mosses and lichens was very low, their cover 
reached high values of up to 75 %. With increasing shrub expansion, the cover of mosses 
and lichens declined (Figure 24) strongly to values less than 20 %.  

Light competition increased with shrub cover and biomass, respectively, and thus 
excludes other, probably more light demanding species, resulting in the linear decline of 
mosses and lichens. Effects of shading by scrub vary also at temporal scales, during 
successional series pioneer scrub is characterised by lesser shading effects than scrub of 
older successional stages (Diaz Barradas & Garcia Novo 1987). 

Shading effects vary with the shrub species. Therefore different shrub species, 
Hippophaë rhamnoides and Rosa rugosa, occurring in dunes were compared. The relative 
light availability, measured beneath (at the bottom layer) and outside the scrub, was used to 
estimate shading effects of shrub expansion. 
 
In general, relative light availability declined with increasing scrub cover, but at low levels 
of shrub cover there was no obvious shading-out. At about 20 % cover, light availability 
decreased strongly. Incidentally, there were no differences in relative light availability in 
the Rosa-scrub established in different dune vegetation types. 

The shading by R. rugosa was more pronounced than that of H. rhamnoides (Figure 
25). In the dense scrub, relative light availability declined in Hippophaë scrub to values 
about 20 %, but in Rosa scrub to values lower than 10 %. 
 

Figure 25. Decline in relative light availability (ln %) with increasing cover of Rosa rugosa and 

Hippophaë rhamnoides (R. rugosa R²adj. = 0.69, p < 0.001, n = 58, H. rhamnoides R²adj. = 0.46, p < 0.001,  

n = 24, ). Data of H. rhamnoides based on Isermann et al. (2005). 

Analogous to R. rugosa and H. rhamnoides, a general decline in light availability in 
relation to shrub expansion in grasslands was shown e.g. for Myrica pensylvanica-scrub 
(Shumway 2000). When comparing grass- and shrubland, light availability is usually lower 
beneath scrub. A comparable negative exponential function was found in the case of 
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Californian scrub, where light availability declines strongly with horizontal distance inside 
the shrub (Alpert & Mooney 1996). 

Depending on foliage and growth form, the shading-out effect of scrub varies. 
Leaves of Hippophaë rhamnoides are smaller than are those of Rosa rugosa (Figure 26) 
and H. rhamnoides appears to have a sparser growth form. Broad-leaved shrubs like R. 

rugosa shade more than small-leaved ones such as H. rhamnoides, therefore the effect, e.g. 
in relation to light competition, of broad-leaved, especially evergreen shrubs like 
Rhododendron ponticum (Erfmeier & Bruelheide 2004), can be even greater.  
 

Figure 26. Hippophaë rhamnoides with small leaves (left side) and Rosa rugosa with broad leaves (right 

side). 

Different shading effects of broad- and small-leaved species also occur between Potentilla 

fruticosa and Juniperus communis in Sweden (Rejmánek & Rosén 1988, 1992). Decline in 
relative light availability caused by shrub expansion is followed by a decline in species 
richness because of shading effects. In relation to leaf- and growth form, shading effects 
vary, for example increasing Potentilla fruticosa causes a greater loss of species richness 
than increasing Juniperus communis (Rejmánek & Rosén 1988, 1992). In a similar study 
of Sea-Buckthorn scrub in Irish dunes, the total number of species decreased more strongly 
by 50 % (Binggeli et al. 1992). 

The effect of shrub expansion varies with foliage and growth form of the shrub 
species and differs with scale investigated. To show this phenomenon, on the islands of 
Spiekeroog, scale-dependent effects of shrub expansion on species diversity were studied 
in grey dunes. Species composition at two spatial scales, 1 and 16 m², in scrub of 
Hippophaë rhamnoides and of Rosa rugosa were compared.  

In general, shrubland of Rosa rugosa was clearly species-poorer than Hippophaë 
rhamnoides scrub. Furthermore, H. rhamnoides scrub showed higher values of species 
diversity, expressed as Shannon index and evenness, than the R. rugosa scrub. Total 
number of species decreased with increasing cover of R. rugosa and, restricted to the large 
scale, with increasing cover of H. rhamnoides. The number of herbaceous and of typical 
grassland species decreased with increasing shrub cover. Both negative relationships were 
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more pronounced at the larger scale. In contrast, the number of shrub species increased 
with increasing cover of H. rhamnoides, but not for R. rugosa.  

Moreover, species diversity measured as Shannon index and evenness (Figure 27) 
declined with increasing shrub cover at both spatial scales and the relations were improved 
in comparison to values of species richness. This probably started with the establishment of 
single shrubs, a mosaic of grassland and shrubland develop at small scales, and increased 
landscape heterogeneity. Thus, due to the enhanced patchiness of vegetation types, species 
richness at first declined less than evenness. 

 

Figure 27. Relationship between evenness and scrub cover of Hippophaë rhamnoides (above) and of 

Rosa rugosa (below) in small plots (filled symbols) and large plots (unfilled symbols). (H. rhamnoides 

small plots b = -0.002, R²adj. = 0.29, p = 0.001; large plots b = -0.001, R²adj. = 0.19, p = 0.006; R. rugosa 

small plots b = -0.004, R²adj. = 0.51, p < 0.001; large plots b = -0.003, R²adj. = 0.45, p < 0.001). 

In cases of linear relations, the decline in species diversity was more pronounced in  
R. rugosa scrub than in H. rhamnoides scrub. Interestingly in the case of H. rhamnoides at 
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the large scale, a humped-back relation was more improved than a linear one. This can be 
explained, at the one hand, by remaining gaps due to a less dense growth form, but also by 
the supported establishment of further shrubs and other typical shrubland species, probably 
due to enhanced fleshy fruit dispersal by birds. 

Furthermore, when comparing the linear relation of the decline in evenness for both 
shrubs, the decline was more pronounced at the small scale than at the larger one. Often 
responses to changed environmental conditions happen faster and more distinct at smaller 
scales, which were, for example, shown for shrub expansion in calcareous grassland on 
Öland, Sweden (Rejmánek & Rosén 1988, Huber 1994, 1999). Similarly, species richness 
in a short-grass steppe in Colorado declined more rapidly with expansion of dominant 
grasses at small scales, probably due to stronger biotic interactions, such as competition 
(Singh et al. 1996). 

Due to the denser leaf and growth form of R. rugosa, shading effects were stronger, 
thus R. rugosa out-competes many light-demanding species. Furthermore, Rosa rugosa 
already showed, at the small scale, a stronger linear decline in species diversity than  
H. rhamnoides, because R. rugosa, already at low dominance levels, has stronger shading 
effects. In contrast, due to the less dense growth form small gaps also remain in dense  
H. rhamnoides scrub. Thus, H. rhamnoides is a less strong competitor in comparison to  
R. rugosa.  

8.3.3.2 Productivity (Examples XIV, XV) 

Productivity can be defined as the rate of energy flow in an ecosystem, probably expressed 
as joules per unit time per unit area (Lonsdale 1988). In many cases, it is measured 
indirectly for example estimated from precipitation, or using other substitutes like biomass, 
litter-fall, vegetation cover, growth height, or multiplication of cover by growth height 
(Lonsdale 1988). Biomass and productivity often correlate well (Preston 1962). 
Substitution of productivity, e.g. by vegetation cover also appears possible (Ji et al. 2009), 
and positive linear relations between above-ground biomass and growth form, respectively, 
and vegetation cover, were shown, for example, in early successional stages of inland sand 
dunes (Röttgermann et al. 2000).  

Productivity as an environmental character merges with different patterns and 
processes related to species diversity (Al-Mufti et al. 1977, Grime 1979, Grace 1999): 
dominance, competitive exclusion, environmental stress, disturbance, niche differentiation, 
resource availability (Rosenzweig & Abramsky 1993) and energy input (Wright 1983, 
Currie 1991, Wright et al. 1993). The general relations are very similar e.g. to those 
mentioned for resources availability (Chapter 8.3.3).  

Species composition and species richness varies along productivity gradients 
(Rosenzweig 1995). Species-poor ecosystems such as deserts or tundra belong to 
ecosystems of low productivity in comparison to species-rich tropical forests. Otherwise, 
for example, agricultural systems with very high productivity also have a low number of 
species, combined with low environmental heterogeneity (Schippers & Joenje 2002). 
Furthermore, according to dune communities, highly productive, dense shrublands of the 
non-native invasive Rosa rugosa have low species richness (Isermann 2008). Hence, high 
productivity is not necessarily correlated with high biodiversity (Lévêque & Mounolou 
2004) and generally, beyond a certain productivity level biodiversity declines (Shmida & 
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Wilson 1985, Rosenzweig 1995). Usually, species richness correlates with productivity 
(Waide et al. 1999), reaching highest values at intermediate levels of biomass production 
and is lower both in sites of low or high productivity (Grime 1973, Al-Mufti et al. 1977, 
Klinkhamer & De Jong 1985, Tilman et al. 1997, Grace 1999, Hector et al. 1999). Similar 
to relations considering resource availability, at small scales, plant species richness is more 
often a unimodal function of productivity (Al-Mufti 1977, Vermeer & Berendse 1983, 
Klinkhamer & De Jong 1985, Rosenzweig & Abramsky 1993, Waide et al. 1999). At 
larger scales, e.g. regional to global scale, it often represents a linear increase with 
productivity (Lonsdale 1988, Currie 1991, Scheiner & Rey-Benayas 1994, Waide et al. 
1999, Gross et al. 2000, Harrison et al. 2006). At different small scales, the productivity 
species diversity relations were similar and the larger the plot size the higher the species 
richness, thus the humped relationship is not an artefact of plot size (Oksanen 1996), but is 
characteristic of small scales (Tilman 1982, Shmida & Wilson 1985). Furthermore, 
unimodal relations are probably more common for herbs and grasses than trees; and for 
grasslands than forests (Laanisto et al. 2008). Moreover, relationships between 
productivity and species richness vary with habitat type (Grytnes & Birks 2003), and in 
relation to temporal climatic variation (Laughlin & Moore 2009). 

The humped-back theory of plant species richness is related to the C-S-R model 

(Grime 1973, 1979), suggesting that species richness is maximal at intermediate levels of 
productivity, i.e. at intermediate levels of a competition/dominance-environmental stress-
ruderality/disturbance gradients complex (Wilson et al. 1996). Thus, low species richness 
occurs in both high-stress / low-productivity sites, because only few species are able to 
tolerate the harsh physical environment; and in low-stress / high-productivity sites due to 
competitive exclusion by dominant species (Wilson et al. 1996). In general, low productive 
vegetation is limited by the available nutrients, i.e. limitation by nitrogen, phosphate, and 
potassium (Van Duren et al. 1997), whereas different nutrients or combinations of nutrients 
may limit different productivity levels. The unimodal relation is mostly explained by 
resource availability and competition (Chapter 8.3.3). An increase in nutrient availability 
beyond a certain level enhances productivity, particularly of few dominant species, but 
reduces species diversity by shading-out (Grime 1979, Huston 1979, Tilman 1982, 
Goldberg & Miller 1990, Grace 1999, Gough et al. 2000, Fridley 2002). Increasing 
biomass causing competition to shift from belowground to aboveground resources, thus, 
from low to high productivity levels there is a shift from nutrient to light limitation (Olff et 
al. 1993, Wilson & Tilman 1995, Grace 1999). This shows that not extra productivity per 

se, but extra productivity caused by additive recourses, especially nutrients, causes a 
decline in diversity (Whittaker 1998). 

 Moreover, the overyielding-effect, which is often a positive effect, of plant species 
diversity on productivity was shown (Harper 1977, Tilman et al. 1997, Hector et al. 1999). 
The overyielding-effect is probably caused by complementary resource use efficiency and 
facilitative interactions among species (Huston 1979, Tilman et al. 1997, 2001, Hector et 
al. 1999, Fridley 2002, Loreau 2000, Kinzig et al. 2001, Tilman & Lehman 2001, Hooper 
et al. 2002, 2005, Dybzinski et al. 2008). However, the positive effect of diversity on 
productivity is overridden because factors such as resource availability affect both 
diversity and productivity (Tilman 1999, Loreau 2000, Fridley 2002). Moreover, it was 
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shown, that species composition and fertility had a more pronounced effect on productivity 
than species diversity (Loreau 2000, Fridley 2002). 

Aboveground Phytomass and Species diversity (Example XIV) 

The relationship between productivity and species richness was analysed across dunes on 
the Dutch Island Schiermonnikoog during a student course. Aboveground fresh weighted 
phytomass was measured in foredunes, yellow and grey dunes. The number and percent 
cover abundance of plant species was estimated.  

In coastal dunes, species richness reached highest values at intermediate levels of 
productivity (Figure 28), estimated as fresh aboveground biomass, in semi-fixed grey 
dunes. Highest species richness is reached at intermediate levels of disturbance and of 
fertility (Chapter 8.3.2.2), resulting in a humped-back relation between biomass and 
species richness (Al-Mufti et al. 1977, Grime 1979). Increasing habitat heterogeneity 
(Chapter 8.3.1) increases species richness as well as productivity (Rosenzweig 1995), as 
shown by the high level of aboveground biomass in grey dunes (Figure 28).  

Figure 28. Relation between species richness and biomass [g/m²] measured as above ground, fresh 

weighted phytomass along a dune transect [unpublished data]. 

Comparing the entire dune series, foredunes are a harsh environment, due to varying and 
sometimes high salt content, sand movement, sand accumulation, low content of organic 
matter as well as low nutrient level, thus only few species, such as Elymus farctus, with 
low aboveground phytomass occur. Yellow dunes represent a habitat with less 
environmental stress, where species such as Ammophila arenaria grow best and build up 
large amounts of phytomass. The high level of phytomass and the vegetation homogeneity 
of the Elymo-Ammophiletum arenariae, probably indicate that this community, assuming 
continuous sand dynamic, represents a first ‘climax’ of the dunes series (Stankevi�i t! 
2001). Succession to grey dune grasslands, is combined with less sand dynamic, a less 
harsh environment and soil development, whereas young grey dunes represent one of the 
most heterogeneous habitats of the dune series considering resource conditions (Chapter 
8.3.1). Thus, highest species richness was reached in grey dunes, due to efficient resource 
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and niche partitioning. The productivity level of grey dunes in comparison to the whole 
dunes series is low and it was shown, that at low productivity levels in coastal dunes, 
biomass is positively correlated with soil water, nitrogen and organic matter, while at 
higher resource levels negative correlations were shown (Klinkhamer & De Jong 1985). 
Also in dunes of other regions, species richness aboveground biomass relations are in line 
with resource availability, with highest species richness values reached at intermediate 
resource levels, e.g. of total soil nitrogen (Lichter 1998). Moreover, in Dutch grasslands, 
biomass is humped-back related to resource availability, expressed as N/K ratio (Roem & 
Berendse 2000). Similar to our results, relations with highest species richness at 
intermediate productivity levels occur in different grassland and fen communities in the 
Netherlands (Vermeer & Berendse 1983). 

Moreover, of interest is that the results confirm that species richness reached 
highest values at intermediate productivity levels of about 500 g/m² (Grime 1979). The 
productivity - species diversity relationship varies with vegetation type as well as in 
relation to climate (Rosenzweig 1995, Wilson et al. 1996, Jennings et al. 2005). 
Productivity and functional groups, such as annuals, are also related. For example, from 
mobile to stabilised coastal dunes in Israel, species diversity of annuals shows a unimodal 
relation with aboveground phytomass. The intermediate productivity levels support niche 
differentiation and habitat heterogeneity resulting in diverse annual species communities. 
Moreover, phytomass increased with resource availability, i.e. with soil moisture and 
organic matter, up to a certain level. At low productivity levels, only few species are 
adapted to higher environmental stress, such as sand movement in the mobile dunes. At 
high productivity levels, only few species best use the available resources, because of the 
higher competition under these conditions (Kutiel & Danin 1987). Similar interrelations, 
between competitive displacement, nutrient level, summer drought and moderately high 
frequency of disturbance by fire and grazing, were shown in other Mediterranean regions 
(Bond 1983, Keeley & Swift 1995). 

In contrast to the number of species, species diversity (measured as Shannon index, 
complement Simpson’s index, and Shannon evenness), decreased with increasing biomass 
in coastal dunes (Figure 29). In the sample group, with higher productivity levels, biomass 
was more unevenly distributed over the species and a few species tended to dominate the 
vegetation.  
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Figure 29. Decreasing species diversity with increasing aboveground fresh phytomass. Indices acting in 

the same direction, if indices decline diversity declines and species distribution is less even. Regression 

statistics: H’ Shannon index R²adj. = 0.99, p = 0.046; 1-D complement Simpson’s index R²adj. = 0.63,  

p = 0.282, J’ Shannon evenness R²adj. = 0.24, p = 0.425) [unpublished data].  

Analogous results were shown for higher saltmarshes in New England, whereas highest 
species richness was reached in intermediate vegetation transitions, and where the Shannon 
index was lowest in vegetation with highest biomass, and in turn, Shannon index was 
highest in vegetation with lowest biomass (Theodose & Roths 1999). 

Productivity Level and Grazing Effects (Example XV) 

Isermann M, Koehler H, Mühl M (2009) Interactive effects of rabbit grazing and 

environmental factors on plant species richness on dunes of Norderney. Journal of Coastal 

Conservation, Planning and Management. DOI: 10.1007/s11852-009-0056-9. 

Differences in species-composition between rabbit-grazed and ungrazed plots, expressed 
as Euclidian distance, increased with biomass, measured as substitute vegetation cover by 
height in coastal dunes (Figure 29). A similar increasing change in species composition 
with increasing productivity was shown by Milchunas & Lauenroth (1993).  
 
The increase in floristic dissimilarity between grazed and ungrazed dune plots with 
increasing biomass probably reflects the enhanced palability of the plants in the dune-
saltmarsh transition that represents the highest level along the measured productivity 
gradient.  
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Figure 30. Increasing floristic dissimilarity, measured as Euclidian distance, between grazed and 

ungrazed plots in coastal dune areas with increasing biomass, expressed as vegetation cover x vegeta-

tion height (R
2
adj. = 0.80, p = 0.001). 

In contrast, considering the larger productivity gradient in saltmarshes, highest grazing 
pressure by hares, rabbits, and geese was reached at intermediate levels of primary 
productivity (Van de Koppel et al. 1996). Increasing changes in species composition might 
also indicate that rabbits reduce the dominance of a few species; as well as evenness of 
vegetation itself, may influence the rabbit’s choice of grazing sites (Klinkhamer & de Jong 
1985). 
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9 Species Diversity in Time 

Species richness of the world’s plant cover is caused by the available species-pools in 
different regions and the long-term processes of evolutionary and distributional change. 
Part of the plant species richness, visible today on a global scale, is the origin of plant 
species (Tallis 1991). First vascular plants developed about 410 million years ago, during 
the Silurian Period; a steady and striking increase in plant species richness followed 
(Rosenzweig 1995). However, for periods of millions of years diversity is trendless, 
because about 90 % of all species that have existed have become extinct (Gaston & Spicer 
2004). Regarding evolutionary periods, patterns and processes of speciation and extinction 
are the most explaining aspects (Magurran & May 1999).  

Incidentally, species richness of one taxon is often connected with species richness 
of other systematic groups, living on the other group, the so-called host-age pattern 

(Southwood 1961). For example, during the process of tree establishment in Great Britain, 
a period of increasing tree species richness that spanned approximately 13000 years, insect 
species richness increased.  

An ecosystem is not a fixed structure; it changes its individual characteristics 
during ecological time. Temporal dynamics of vegetation are various and can be divided 
according to type, duration, and direction of change into four main forms (Dierschke 
1994): 

  periodicity, seasonal variation, phenological rhythmic, brief, regular, and yearly 
recurring changes within a plant community due to rhythmic climatic 
seasons. For example, there is a greater vascular plant species richness at 
the community level early in the growing season, probably because of a 
greater variety of available germination micro-sites, and thus of greater 
heterogeneity of the habitat. During the winter less species in relation to 
their life-forms are visible, hence species richness as well as diversity 
oscillates during the year (Grubb 1977).  

  fluctuation, a little more long-termed, without a directional change, swinging 
around a situation, mostly within one or two plant communities, based  
e.g. on changing weather conditions, or depending on the groundwater table 
(Van der Laan 1979), 

  succession, short- to long-term, directional change sometime cyclic, often across 
different plant communities, and 

  historical development, very long-termed developments across many plant 
communities, often based on global climatic changes.  

9.1 Historical Development 

Species richness increased as the possibility of plant species reaching and becoming 
established in an area increased. Therefore, species richness, of oceanic islands of equal 
size, declines with distance from the mainland (Figure 31), because as distance increases 
the rate of immigration of new species declines. Distance and immigration effects were 
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shown, for example, by the number of ferns on islands near and far from the mainland, 
such as the Channel Islands and the Azores (Whittaker 1998).  
When considering the size of an area and the distance to the mainland, which both affect 
species richness due to different immigration (I) and extinction rates (E), the model of the 
dynamic equilibrium of species richness is modified (Figure 31).  

Figure 31. Dynamic equilibrium models of species richness on islands varying in distance from the 

principal source area and varying in size. An increase in distance (near to far) declines the 

immigration rate, while an increase in island area (small to large) lowers the extinction rate 

(MacArthur & Wilson 1967).  

Isolation explains a significant amount of the variation in the number of species, especially 
on island habitats. The relationships concerning isolation due to distance to the mainland 
(Figure 31), can also be explained in relation to the time of isolation. Islands isolated from 
the mainland for a long period (similar to a large distance) have lower species richness 
than islands isolated for a short time (similar to near distance).  

Isolation is not just a question of distance, but also depends on the nature of the 
area, for example, heterogeneity or available resources (Whittaker 1998). Therefore, it is 
possible that the degree of isolation will result in different species composition, but with 
the same number of species (Kadmon & Pulliam 1993). 

9.1.1 Time of Isolation of the German Frisian Islands (Example 
XVI) 

Isermann M (2004) Differences in species richness of native and non-native plants between 

the East and North Frisian Islands. In: Green DR (ed.) Delivering sustainable coasts. 

Cambridge Publications, pp. 737-738. 

East and North Frisian Islands have more or less no differences in the distance to the 
mainland, but in the time of isolation. The origin of both archipelagos differ, the East 
Frisian Islands (EFI) have existed, since their origin approximately 1000 AC, as separate 
islands, whereas the North Frisian Islands (NFI) were separated from the mainland during 
the 14th century (Kramer 1989). The North Frisian Islands are land-bridge islands, those 
formerly connected to the mainland, which gained at least some of their biota by overland 
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dispersal prior to becoming islands. The East Frisian Islands are true oceanic islands. Due 
to their different origin, the North Frisian Islands have a ‘Geest’ core at least in the deeper 
ground, while the East Frisian Islands consists of sandy grounds. Because of their different 
origin, the East Frisian Islands, as true islands, are comparable with islands that are more 
isolated. In contrast, the North Frisian Islands, as land-bridge, islands, act similarly to 
islands that were formerly less isolated. Due to the different origin of both island groups, 
immigration rate in former times was much lower on the East Frisian Islands than on the 
North Frisian Islands. Land-bridge islands like the NFI often contain more species than 
they would have at equilibrium. Isolated islands generally have fewer species than islands 
in close proximity to a source of colonists because their remoteness results in a difficult 
accessibility and colonisation (Brown & Dinsmore 1988). 

Species are divided, by humans, in relation to the way of establishment into natives 
and non-natives. Generally, the proportion of non-native species is higher on islands than 
on the mainland (D’Antonio & Dudley 1995). Although, native and non-native species 
occur with similar ratios of 80 to 20 % on both East and North Frisian Islands, the formerly 
lower immigration rate could be shown as differences in the floristic composition 
according to the immigration time.  

Non-natives are divided in relation to the time of establishment into archaeophytes 

and neophytes (Figure 32), having reached the area, in this case Germany, before or after 
1500 AD, respectively. 

Figure 32. Anchusa officinalis (left), as example for archaeophytes and Oenothera oakesiana (right) as 

example for neophytes on the Frisian Islands. 

Thus, the long-time connection to the mainland resulted in a higher species richness of 
archaeophytes on the North Frisian Islands than on the East Frisian Islands (Figure 33). 
The flora of the EFI is probably unsaturated, because there has not been sufficient time for 
colonisation, and especially not for speciation, to result in the species rich flora particular 
of archaeophytes. The positive relationship between time of colonisation and unsaturated 
floras in general is known for the native-species in the whole (Brown 1988), but must be 
restricted in the case of EFI and NFI to archaeophytes. In addition, the theory that 
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ecological communities can be saturated with species, that an upper limit of species 
richness exists, is generally not accepted (Cornell 1993). 
The long-time connection to the mainland probably resulted in a more floristically 

saturated situation on the North Frisian Islands, with available ecological niches being 
much more occupied than on the East Frisian Islands. Therefore, the proportion of 
archaeophytes to neophytes differs between the East and North Frisian Islands (Figure 33). 
On the East Frisian Islands, the number of neophytes is around 10 % higher than on the 
North Frisian Islands. In addition, on the East Frisian Islands the proportion of 
archaeophytes is only slightly higher than that of the neophytes, while on the North Frisian 
Islands the number of archaeophytes is twice as high as the one of neophytes (Figure 33). 
In general, islands are more prone to biological invasions (Chapter 9.3) because of fewer 
buffering mechanisms against changes. Generally, the high degree of specialisation of 
island species results in unsaturated communities, lower competitive ability, and in ‘open 
niche space’ on islands. In contrast, mainland communities are more resistant against 
biological invasions, because they are normally in equilibrium stage due to interactions of 
competitors, determined by resource availability (D’Antonio & Dudley 1995). 

Figure 33. Proportion of archaeophytes and neophytes on the East and North Frisian Islands 

(T-tests all p < 0.001, SD EFI 4.16, NFI 6.21). 

The different proportions of archaeophytes and neophytes are likely to be caused by the 
different origin and historical development of both island groups. The North Frisian 
Islands represent former mainland with Pleistocene bedrock, a long colonisation time and a 
long agricultural tradition, thus more species had already had the possibility to settle the 
area in former times. In contrast, the East Frisian Islands represent sand plates that were 
settled by plants, as well as by humans at later periods.  
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9.2 Succession 

According to the direction of the succession, different main types are distinguished 
(Dierschke 1994):  

  progressive succession (primary as well as secondary succession), continuous 
development in one direction, 

  regressive succession, backward development from an older succession stage,  
e.g. because of suddenly occurring disturbances like a single slope erosion, and 

  cyclic succession, alternation between progressive and regressive succession in 
relation to regular occurring events, like yearly high tides. 

 
Concerning the starting-point of the succession in relation to the origin of the area, two 
types are distinguished:  

  primary succession, starts at a site where no earlier vegetation development 
occurred e.g. development on new islands in Swedish lakes (Rydin & Borgegård 
1988), or sand dune formation (Olson 1958, Tilman 1988), and  

  secondary succession, starts on sites probably with remaining organic matter as 
well as propagules in the soil (Tilman 1988).  

Plant species reoccupy a habitat after new origin (primary succession) and after 
disturbance (secondary succession), and over the course of succession diversity relations 
change (Westman 1981).  
 
Concerning the duration time, two main types are differentiated: 

  current succession, succession happening at present or during few decades, and 
  secular succession, vegetation development during long periods, often illustrated 

by pollen analysis. For example, the scrub establishment in Dutch costal dunes on 
the mainland during a period of 3000 yr, where the succession started with 
Hippophaë rhamnoides, followed by Juniperus communis and succeeded by 
Salix, mainly Salix repens. This succession most probably reflects changing 
conditions related to leaching of calcium carbonate, originally abundant in the 
sand (Zagwijn 1971). 

 
The main changes during succession are an increase in species diversity up to a certain 
level, beyond this species diversity levels-out or declines, an increase in resource use 
efficiency, an accumulation of biomass and an increase in stability (Margalef 1963, 1968). 

Changes in plant species composition during succession are the result of a dynamic 
equilibrium between colonisation, persistence and extinction of species, whereas diversity 
expresses the balance between colonisation and extinction. It is assumed that succession 
represents the development towards an (dynamic) equilibrium between organisms and 
environment (Margalef 1958, Odum 1969). During succession, life history traits and 
strategies of plant species vary, whereas the frequency, extent and nature of disturbances 
are important selective factors on life history traits (Denslow 1980). Early successional 
stages are characterised by species with a short life-span (r-selection), while older 
successional stages contain more species with a long life-span (K-selection), such as 
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phanerophytes (Odum 1969). Therefore, the changes in relative values of woody species 
during succession are inversely related to the amount of herbs (Nicholson & Monk 1974). 

During succession, the average in plant size and biomass increases simultaneously 
with primary production (Margalef 1958, 1968, Odum 1969). These processes are coupled 
with a light-resource mechanism, called ‘resource ratio hypothesis’ (Tilman 1988). 
Increasing species diversity during succession depends on the number of potential 
ecological niches, also resulting from increased biomass and stratification of the vegetation 
(Margalef 1963).  

Relations between species richness and biomass change during succession, but 
there are different examples from enhanced to lowered effects of diversity on biomass 
during succession (Schwartz et al. 2000, Schmid et al. 2001, Hooper et al. 2005, Weis et al. 
2007). During succession organic matter as well as soil resources like nitrogen increase, 
this results in an increase in plant biomass, thus at early successional stages, the 
relationship between productivity and diversity is often positively linear (Bischoff et al. 
2005). Successional younger sites are often characterised by higher productivity, the 
relationship between total biomass and primary production declines during succession, 
because equilibrium is not reached and new species that establish faster than others are lost 
(Margalef 1968, Rosenzweig 1995).  

Moreover, the larger size of individuals of later successional stages leads to 
decreased penetration of light to the soil surface (Tilman 1988), as a result for example in 
young forest stages plant species richness is enhanced than in older stages (Widenfalk & 
Weslien 2009). The proportion of species to individuals especially decline towards later 
successional stage, but in general, there are fewer individuals (as well as species) per area 
as succession replaces, at later successional stages, herbaceous species with woody species 
(Preston 1960, Tilman 1988). 

In general, during succession spatial heterogeneity develops from poorly to well 
organised, entropy from high to low, niche specialisation from broad to narrow and 
stability, the resistance to external perturbations, from low to high (Odum 1969). Hence, 
species diversity increases from simple plant communities of early succession to the richer 
communities of later succession stages (Whittaker 1975).  

Similarly to resource partitioning, a temporal niche theory occurs (so-called 
storage effect), which assumes that temporal similarities to spatial partitioning will reduce 
competitive exclusion and facilitate species coexistence (Norden et al. 2007). 

Species diversity is maintained by successional dynamics especially in relation to 
disturbance. Disturbance (Chapter 8.3.2) enhances patchiness of the environment at 
different scales and is one of the fundamental mechanisms of species-coexistence (Weis et 
al. 2007). After disturbance, species richness generally increases during secondary 
succession, especially during the first years of succession (Lloyd & Ghelardi 1964, Bazzaz 
1975, Denslow 1980, Burrows 1990). The increase in the number of species becomes less 
pronounced during primary succession, than during secondary succession because of the 
missing seedbank as well as undeveloped soil at the starting-point of primary succession 
(Whittaker 1975).  

Preston (1960) assumed that the increase in species richness during succession is 
similar to the species-area curve, and represented a straight line in a log-log space. 
Biodiversity patterns of temporal development depend on spatial scale. Species richness 
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during succession increases both at plot and landscape scale. At landscape scale, increase 
is faster than at plot scale, because there is more space and there are more ecological 
niches than at plot scale (Zobel et al. 1993, Bossuyt et al. 2005).  

Comparing early and late successional relationships during a succession, species 
richness often levels off or decreases towards the mature stage of succession (Margalef 
1963, Nicholson & Monk 1974, Whittaker 1975, Denslow 1980, Rydin & Borgegård 
1988). This was shown for long-term succession over 200 years e.g. in the development 
towards old Quercus stands, as well as in abundant fields succession (Nicholson & Monk 
1974, Bazzaz 1975, Houssard et al. 1980). A decrease in accumulation rate was also shown 
for different dune slacks (Bossuyt et al. 2005). Levelling off or decrease in species richness 
is caused, for example, by less fluctuations and increasing stability, probably due to the 
continuous addition of species to the community, which may result in a higher degree of 
evenness (Bazzaz 1975). Moreover, the levelling-off represents the possibility of a limited 
number of species per community, i.e. community saturation at the small scale. Thus 
highest species richness often occurs in early and intermediate succession stages 
(Margalef 1958, 1963, 1968, Whittaker 1975); and it appears that a semi-logarithmic curve 
best describes the relationship between years after succession and species richness 
(Rosenzweig 1995).  

An increase in the variety of species together with missing dominance by any one 
species increases species richness, as well as evenness, and often represents a general 
probability during succession (Lloyd & Ghelardi 1964, Odum 1969). However, diversity 
does not increase monotonically. Often diversity increases to a certain level and then 
decreases toward later stages of succession (Pielou 1966, Margalef 1968, Westman 1981). 
Highest species diversity during the first quarter of the entire succession period was shown, 
for example, after fire in boreal forests (Shafi & Yarranton 1973). In other cases such as 
Mediterranean forest, after fire the number of woody species was highest at intermediate 
succession stages, with a more heterogeneous vertical vegetation structure (Álvarez et al. 
2009). In cases of development towards a strong dominance by one or few species, low 
species richness, as well as low diversity, occurs in later successional stages (Bazzaz 
1975). Therefore, diversity indices show different trends than the number of species in the 
same succession series (Odum 1969). Moreover, diversity indices tend to stabilise during 
succession in the order: richness, information content and equitability, and in proportion to 
the time of establishment of the analysed plant group (Nicholson & Monk 1974).  

Biodiversity patterns show contrasting effects on the temporal stability of 
communities and populations (Tilman 1999, Lehman & Tilman 2000, Hooper et al. 2005). 
Stability increases with diversity at the community-level (Lehman & Tilman 2000, Van 
Ruijven & Berendse 2007), probably because communities with more interacting species 
show less temporal variability than species-poor ones (MacArthur 1955, Elton 1958). 
Species richness at small scales increased within short periods, probably due to 
regeneration gaps, microsites, that favour species establishment and coexistence (Van der 
Maarel & Sykes 1993). Nevertheless, the stability at the population level could show 
positive, negative and neutral relationships between population stability and diversity (Van 
Ruijven & Berendse 2007).  
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9.2.1 Coastal Dune Succession (Example XVII) 

Isermann M (submitted) Coastal dune succession and plant diversity on a German Wadden 

Sea Island. Journal of Coastal Research. 

Succession of coastal dune vegetation on the island of Spiekeroog was investigated 
directly using permanent plots, as well as indirectly, because these plots represent a 
chronosequence across the dunes (Figure 34).  

According to the historic land-use, as well as natural landscape dynamic, there 
might be difficulties concluding from a chronosequence to successional patterns and 
processes. Thus, for example, there is no absolute certainty if this entire xerosere 
represents a primary succession series, or if larger disturbances happened, followed by 
secondary succession. At the small scale for some plots, a secondary succession is known, 
because the disturbance happened during the time of investigation. 

The investigated dry dune ridges on Spiekeroog are different in age. The origin of 
these dune ridges is known roughly: foredunes are due to sand dynamic up to 20 years old, 
the main yellow dune ridges are 45 to 70 years old, the grey dunes 70-170 and the brown 
dunes are up to 270 years old (Gerlach et al. 1994). The investigated chronosequence 
represents different successional stages (Figure 34); starting in the young grey dunes 
(younger yellow dunes are not included because of the high sand dynamic) and represents: 
young grey dunes with herbaceous rich short grasslands (plot no. 1, 2), old grey dunes with 
lichen rich Corynephorus canescens swards (plot no. 3-6), grasslands with dominance of 
Carex arenaria (plot no. 7) and with dominance of Deschampsia flexuosa (plot no. 8), 
brown dunes with heathlands (plot no. 9-11). 
 
 

Figure 34. Chronosequence of dune vegetation; starting with ephemeral driftlines with Cakile 

maritima; embryo dunes and yellow dunes with Ammophila arenaria, grey dunes with Eryngium 

maritimum, Corynephorus canescens and Jasione montana; green dunes with shrubland and develop to 

brown dune heathlands with Empetrum nigrum.  
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Plant species richness varied along the xeroseries (Figure 35). Total number of plant 
species decreased significantly from the young grey to the old brown dunes (Figure 35a). 
The number of trees and shrubs was higher in the young grey dunes as well as in the 
brown dune heathlands. The number of herbaceous plant species reached higher numbers 
in the young grey dunes. The number of bryophytes and especially of lichens tended to 
show a humped-back relationship, similar to their cover abundance, with a higher number 
of species in the old grey dunes (Figure 35b).  

Figure 35. a) Total plant species richness along the chronosequence (R
2
adj. = 0.77, p < 0.001), and  

b) number of bryophytes and lichens (R
2

adj. = 0.26, p = 0.123 for lichens only R
2
adj. = 0.31, p = 0.091). 

Like the total species richness, species diversity expressed as Shannon diversity decreased 
along the chronosequence. Moreover, Simpson dominance index was highest in the old 
brown dunes, thus the Empetrum heathlands were clearly characterised by a dominance 
structure. Succession in coastal dunes generally leads from species-poor pioneer 
vegetation, across species-rich intermediate stages and in the following to a steadily 
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decreasing species richness combined with an increase in dominance by dwarf shrubs and 
low trees (Aptroot et al. 2007). Thus along the xerosere, life form groups changed, from 
short grasses and herbs on young grey dunes, to bryophytes and lichens on old grey dunes, 
to dwarf shrubs on brown dunes. These results are in line with the change of life history 

strategies from r-selection to K-selection and partly confirm the increasing size of species 
during succession.  

Species richness is highest in the intermediate successional stages, represented 
by the young grey dunes, because of their spatial heterogeneity. During the transition 
from yellow to grey dunes, high patchiness of open and unvegetated areas occur 
(Yarranton & Morrison 1974, Franks 2003, Cutler et al. 2008). Habitat heterogeneity of 
these areas is related, for example, to topography and substrate (Paal 1998). Highest total 
plant species richness on the young grey dunes is most probably caused by intermediate 
resource availability (Chapter 8.3.3). Spatial heterogeneity and resource availability 
enhance the number of available potential ecological niches. 

In coastal dunes an inverse relationship between the species richness and 
homogeneity along the succession series occurs. At the Baltic Coast, regarding to longer 
dune xeroseries from yellow dunes to forest, homogeneity reached highest values at the 
first and at the last successional stage. Moreover, species richness and homogeneity 
showed an inverse relationship (Stankevi�i t! 2001). Highest species richness was reached 
in both regions in the transition zones, at Spiekeroog as well as in the Baltic, in the 
transition from yellow to grey dunes and in the Baltic region due to the longer xeroseries 
and furthermore in the transition from heathlands to forest. 

According to the relative habitat heterogeneity, species with different life forms, as 
well as competition strategies, coexist. The number of potential niches resulting from 
increased biomass and stratification probably reached highest values in intermediate 
successional stages, resulting in a high number of species richness and species diversity. In 
this study, there was only a linear decline in total species richness because the studied 
chronosequence did not include the yellow dunes, which contain less species than the grey 
dunes. 
 
Plant species turnover, measured as Euclidean distance between the first and the last year 
of observation, showed a slight trend to a humped-back relationship with the total number 
of plant species (Figure 36a). Hence, low succession rates were in species-poor 
communities, as well as in species-rich ones. Moreover, there was a significant slight 
humped-back relationship between succession rate and evenness (Figure 36b). The 
succession rate at first increased with increasing evenness and level off at higher values of 
evenness. 

Species-poor communities, dominated by only a few species, like the brown dune 

heathlands, probably have low turnover rates because it represents a metastable stage. 
This is in line, that vegetation changes are generally lower in older successional stages 
than in earlier ones, because the rate of successional change in the later-stages generally 
declines over time (Foster & Tilman 2000). 

Species-rich communities like the young grey dune vegetation are, due to their 
high diversity, more or less stable. Succession rate of the first plots of the series, for 
example, is lower due to environmental stress, such as remaining sand dynamic. Similar 
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results were shown for semi-fixed dunes with moderate rabbit grazing, trampling and sand-
burial, in comparison to areas such as blowouts with high values of environmental stress 
(Franks & Peterson 2003, Lemauviel et al. 2003). Moreover, succession is slowed down by 
herbivores, which initiate, for example, the re-development from old to younger 
successional stages, especially from shrublands to herbaceous rich grassland (Aptroot et al. 
2007). 

Figure 36. a) Relationships between overall succession rates measured as total Euclidian distance 

between the first and the last year of observation and species richness shown as average of total 

number of species of each plot (R
2

adj. = 0.10, p = 0.266) b) Relationship with the average evenness  

(R
2

adj. = 0.41, p = 0.048). 

Communities with a balanced distribution of species, with high values of evenness, 
showed lowest succession rates. Because stability in ecosystems has to be considered as a 
dynamic process, diverse communities are more stable since communities with higher 
species richness showed less temporal variation during succession. 

7

5

10
6

1

11
8

2

9

3

4

0

20

40

60

80

100

0.2 0.3 0.4 0.5 0.6 0.7

evenness

E
u

c
li
d

ia
n

 d
is

ta
n

c
e

8

6
1

2

10

57

11

9

3

4

0

20

40

60

80

100

0 5 10 15 20 25

total no. of species

E
u

c
li
d

ia
n

 d
is

ta
n

c
e

a)

b)



  Species Diversity in Time 97 
    

 

9.3 Biological Invasions 

The process of biological invasions is generally divided into different stages, relating to a 
series of abiotic and biotic barriers (Richardson et al. 2000). Richardson et al. (2000) 
describes the invasion process as follows. Introduction, propagules or individuals arrive, 
through human influence, at a site away from their native geographical range, thus crossing 
a major geographical barrier. Many introduced species, so-called casuals, will reproduce 
but will be unsuccessful at maintaining their populations over longer periods. 
Naturalisation, species establish self-perpetuating populations and have therefore, crossed 
environmental, reproductive and dispersal barriers. Generally, species are defined as 
naturalised after establishing at one site for at least 10 years (Richardson & Pyšek 2006). 
Invasive species are naturalised species, which establish new populations at considerable 
distances from parent plants. They also occur in semi-natural environments, where they 
can compete with the native species of their new range. Invasive species are often 
associated with negative effects on ecosystems of the invaded area. Furthermore, about  
10 % of the invasive species represent transformers, changing the semi-/natural 
ecosystems in an enhanced manner, often over substantial areas. 

Not all introduced species develop during the invasion process to transformers. 
According to the tens rule (Williamson & Brown 1986), 10 % of introduced species run 
off to be casuals, 10 % of the casuals become naturalised, and 10 % of naturalised species 
become invasive species (Richardson & Pyšek 2006). 

Temporal aspects affect biological invasions. Generally, there is a so-called time 
lag between the first introduction of a species and the start of widespread distribution 
(Richardson 2001). The duration of the lag phase depends on species life history traits, and 
can reach up to about 170 years (Richardson 2001). The probability of invasion increases 
with the time since the introduction, the so-called residence time (Richardson & Pyšek 
2006). The longer the residence time, the longer the species occurs in the region, the 
greater the propagule bank is, and therefore the greater the probability of dispersal and 
establishment (Rejmánek et al. 2005). This can be shown by the wider distribution of 
archaeophytes ranges in Europe, than those of neophytes (Pyšek & Jarošík 2005). That the 
logarithmic number of establishments, increases linearly with residence time is of further 
interest (Pyšek et al. 2004b). 

Moreover, ecological effects are enhanced with residence time (Collier et al. 2002). 
Consequences of the expansion of non-native invasive plants represent an increasing 
environmental problem worldwide (Richardson et al. 2000). Biological invasions of non-
native species are one of the strongest processes, along with habitat loss, over-exploitation 
and extinction, which can lead to a decline in native species diversity (Purvis et al. 2000). 
The number of non-native species has rapidly increased during recent decades due to 
increasing movement of goods and people (Lockwood et al. 2008). The effects of invasive 
species are scale-dependent (Sax & Gaines 2003). Biological invasions potentially result in 
an increase in species richness, as the invading species are added to the existing species 
pool (Huston 1994). However, in many cases they result in a decline in community 
diversity, as well as landscape diversity, but in general increase regional diversity, whereas 
nothing is told about changes in genetic diversity of native species (Rosenzweig 2001, 
Collins et al. 2002). 
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Pattern and processes that influence biological invasions can effect composition, structure 
and diversity of natural communities, thus biological invasions belong to fundamental 
ecological processes (Stachowicz & Tilman 2005). Therefore, most of the explaining 
patterns and processes are demonstrated in previous chapters. The diversity-resistance 

hypotheses assumed that species diversity maintains stability and enhances resistance to 
invasion (MacArthur 1955, Elton 1958, Kennedy et al. 2002). Diverse communities inhabit 
more space and generate more biomass. Higher levels of species richness strengthen 
resource competition (Chapter 8.3.3), enhance resource use efficiency and increase niche 
exploitation. Species diversity therefore reduces available resources and available niches 
for new colonists in general, as well as for invasive plants. Moreover, environmental 
patterns, such as nutrient status or disturbance regime (Chapter 8.3.2), determine invasion 
success (Elton 1958, Drake et al. 1989, Huston 1994, Tilman 1999, Richardson et al. 2000, 
Tilman et al. 2001, Kennedy et al. 2002, Fargione & Tilman 2005, Stachowicz & Tilman 
2005). Incidentally, biological invasions themselves can be considered as disturbance or as 
an agent, which alters a disturbance regime (Lockwood et al. 2008). Various experimental 
studies confirm the decrease of invasion success with increasing species diversity 
(Kennedy et al. 2002, Fargione et al. 2003). In general, effects of biological invasions 
depend on two basic pattern-complexes: on the invasibility of the community and on the 
qualities of the successful invader, the invasiveness of the species (Rejmánek & 
Richardson 1996). 

9.3.1 Native Species Richness and Biological Invasion 
(Example XVIII) 

Isermann M (2008a) Classification and habitat characteristics of plant communities 

invaded by the non-native Rosa rugosa Thunb. in NW Europe. Phytocoenologia 38, 133-

150. 

The shrub Rosa rugosa (Figure 38) is an invasive neophyte in Europe (Bruun 2005) that, 
especially in coastal areas, represents a conservation problem to semi-natural vegetation 
(Kollmann et al. 2007). It spreads vegetatively by tillers and builds up large clones. Long-
distance dispersal of fruits and seeds probably takes place due to dispersal in seawater and 
by animals, particularly birds (Bruun 2005). 
 
NW European vegetation invaded by Rosa rugosa was analysed using 383 relevés 
collected from literature and from databases. By TWINSPAN classification, two main 
groups were distinguished wood- and shrublands as well as grass- and heathlands, in which 
R. rugosa builds up dominant stands. In comparison to its native range, R. rugosa 
established in various plant communities and at a wide range of ecological conditions. 
Thus, it seems that the shrub in its new range has a broader environmental niche. 

As shown in other studies (Chapter 8.3.3.1), due to stronger shading effects, 
expansion of R. rugosa changes species composition and decreases species richness, 
especially the number of herbs, as well as bryophytes and lichens.  
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Beside general changes of environmental conditions of the invaded system, there is a 
change of the proportion of native and non-native species related to the invasion by Rosa 

rugosa. Dominated stands, that means due to a TWINSPAN classification more than 80 % 
R. rugosa cover, have a lower percentage number of native species (Figure 37a) and a 
higher percentage number of neophytes (Figure 37b) than the corresponding stands without 
dominant R. rugosa.  

Figure 37. Species richness of three by TWINSPAN analysis main vegetation types: grass- and 

heathlands, woodlands and Rosa rugosa dominated stands. Proportion of native species (above) and 

proportion of neophytes (below). (Rosa rugosa is excluded. Boxplots are median connected, limited by 

quartiles; mean is shown as a dot. Kruskal-Wallis test all with p < 0.01 followed by Mann-Whitney 

tests, n = grass- and heathlands 117, woodlands 77, Rosa-dominance 189). 

This confirms, that R. rugosa itself, acts as a disturbance. The biological invasion 
facilitates other non-native species in a self-preventing system of positive feedback circles. 
Thus, positive interactions amongst biological invaders improve the establishment of other 
non-native species (Parker et al. 1999, Lockwood et al. 2008). 

Spreading of non-native species often declines native species richness and affects 
ecosystem processes (Simberloff 2005). Shrublands formed by neophytes generally 
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support the growth of other neophytes probably by increased availability of nutrients. For 
example, soil nitrogen content in Crataegus monogyna scrub (Hodgkin 1984) as well as in 

Rosa rugosa dominated shrubland was higher than in open dune grasslands. In general, 
shrubs, as well as bulk grasses, in relatively dry climates operate as ‘islands of fertility’ 
e.g. because of increasing organic matter and nitrogen mineralisation in the nearby roots 
surroundings (Jackson & Caldwell 1993, Anderson et al. 2004). Nitrogen content and 
nutrient content in general, are enhanced in invaded sites, probably due to a higher primary 
productivity of non-native invasive plants compared to native vegetation (Vanderhoeven et 
al. 2005). Therefore, the primary productivity of R. rugosa dominated shrubland in its new 
range is eventually so high, that it out-competed most of the native species, which is in line 
with the relations between productivity and species richness (Grime 1979). Furthermore, a 
higher invasibility of warmer sites is often assumed, as Rosa rugosa probably prefers 
lighter and warmer conditions, which could be another reason why neophytes are 
supported in Rosa shrubland. 

Figure 38. Rosa rugosa 

Environmental conditions of the invaded system are changed by Rosa rugosa (Figure 38). 
Effects of Rosa rugosa are proportional to increasing abundance and probably to 
increasing biomass. Such biological invaders, fundamentally changing environmental 
conditions, ecosystem, or community properties, are called ecosystem engineers (Jones et 
al. 1994) or transformers (Pyšek et al. 2004a). These types of biological invasions are a 
major threat to natural ecosystems (D’Antonio & Vitousek 1992). 
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10 Short Conclusion 

Variables determining species richness vary with scale; the larger the scale, the greater the 
role that they play, and the more complex are the processes involved in determining 
species richness. A more or less hierarchical structure of patterns and processes predict 
species richness. At the global scale large gradient complexes, at the landscape scale the 
number of habitats, and at the plot scale the variability of soil factors, affect species 
diversity. Moreover, biotic patterns and related processes influence species diversity, often 
by changing environmental conditions, e.g. disturbance by grazing or competition by shrub 
encroachment. The spatial hierarchical structure is connected with the temporal scale and 
complexity of species area relations is enhanced by temporal dynamics. Thus for nature 
conservation aspects as well as for studying general biodiversity patterns and processes 
there is a necessity to consider different spatial and temporal scales. 
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